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ABSTRACT
Over the past several decades, the United States has been experiencing an influx of
nonnative pests due to increased globalization, and many of these pests have the potential
to permanently alter the composition, structure, and function of forests. Asian longhorned
beetle (ALB) is an invasive pest that came into Worcester county, MA in 2008, where the
first instance of this species invading both urban and natural forested areas was
documented. Within the quarantine area for this novel invasion, 30,000 trees were
removed over the course of 10 years as part of management efforts focused on harvesting
all host species, primarily Acer spp., to prevent ALB spread. While there is great
confidence in the effectiveness of these eradication measures, little is known how these
natural forests will recover over time. To address this knowledge gap, we examined
forest compositional and structural development following three different eradication
treatments (full host removals, herbicide, and stump grinding) and patterns with adjacent
unimpacted areas. Overall, the results of our observational study found that forests were
recovering following similar pathways documented after other disturbances in southern
New England forests. There was little difference between eradication treatments in terms
of forest composition and structure. Overall, forest types shifted to primarily oak-hickory
or pine dominance following the removal of all Acer spp. Most notably, maple species
were returning in high numbers in the regeneration layer across all treatments followed
by other early colonizing species, including white pine, and black birch. Red maple was
the most abundant species for saplings and seedlings and accounted for 43.4% of the
sapling layer and 37.1% of the seedling layer across treatments. The density and
composition of the regeneration layer did not vary by forest or treatment type. Red maple
stump sprouting was documented at 60% of sites but was not found in the control plots.
Additionally, invasive plant species represented a small portion of the herbaceous layer
constituting 14% of the unique species recorded. Shannon’s diversity of the herbaceous
layer differed by forest type, but there was no difference between proportions across
treatments. The results of this study suggest that ALB management does not drastically
alter forest compositional dynamics in the short term.
The second portion of this project examines the long-term effects of ALB
management on forests in Worcester county and Cheshire county, New Hampshire using
LANDIS-II, a spatially explicit forest vegetation model that incorporates forest inventory
data and climate scenarios. We modeled the effects of ALB management on these forests
under three low to high emission climate scenarios. Management scenarios included
business-as-usual (BAU), partial host (Acer removed), and full host removals (Acer and
Betula spp. removed.) We found that climate had a more pronounced effect on final year
aboveground biomass than management type. At the final year of simulation across all
simulations, white pine, white oak, and red oak were in high abundance. Under BAU
management, sugar maple and black birch were in high proportions as well. Overall, the
results of these simulations show that under ALB management, forest recovery is dictated
by climate more so than host removals. In combination, these studies contribute to our
understanding of the short and long-term impacts of Asian longhorned beetle and climate
change on forests in southern New England. Practitioners can employ ALB management
and confidently expect forests to recover.
Keywords: New England; Invasive species; Asian longhorned beetle; climate change;
forest management; LANDIS-II
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CHAPTER 1: MANAGING THREATS TO FORESTS
1.1 Introduction
A legacy of land use conversion and modern-day human and natural disturbances
have led to the current forest composition and dynamics in the Northeastern United States
(Lorimer and White, 2003). Today, many forests in this region are experiencing pressures
from interacting human and natural disturbances, such as climate change and invasive
pests (Millar et al., 2007; Janowiak et al., 2018). The novelty of climate change and
invasive species present many unknowns especially because these stressors may operate
on different timescales and require different management strategies to adapt to and
mitigate their impacts. Climate change and invasive forest pests can impact many aspects
of forests including species distributions and abundance, health, and function. There is
increasing evidence that interacting natural and human caused disturbances can lead to
compounding disturbances with undesired and often unpredictable long-term effects
(Leverkus et al., 2018). As the pressures from climate and invasive species increase,
there is a great need to understand the efficacy of different types of forest management at
sustaining critical ecosystem functions and services under novel future conditions.
Invasive forest pests are considered one of the greatest threats to forests, urban,
and suburban environments (Liebhold et al., 1995, Lovett et al., 2006). Invasive insects in
the United States are increasing at a rate of approximately 2.5 per year, which can be
partially attributed to increased foreign trade (Aukema et al. 2011). The accumulation of
invasive pests is the leading threat to ecosystems in the northeastern United States, which
have been invaded by several highly destructive pests over the past two centuries,
1

including the emerald ash borer (Agrilus planipennis), gypsy moth (Lymantria dispar),
and hemlock woolly adelgid (Adelges tsugae), causing significant impacts on forests and
forest-dependent communities in this region (Krist et al. 2014). Invasive pests can elicit
both short-term and long-term impacts on forests (Lovett et al., 2006). In the short term,
forests may experience defoliation, decreased vigor, and reduced growth while long term
impacts include species loss, tree death, shifts in nutrient cycling and changes in habitat
and forest productivity. The scale and severity can vary depending on the pest, forest type
and host structure, and the management employed.
Preventative management techniques are often the most effective way to combat
an infestation and limit the further spread of a pest (Lovett et al., 2016; Klapwijk et al.,
2016; Dukes et al., 2009). For example, increasing host vigor and disrupting chemical
signaling by thinning pine barrens in advance of an attack can make a stand more
resistant to southern pine beetle (Dodds et al., 2018, Nowak et al., 2015). Alternatively,
individual trees may be preserved in a given landscape through targeted application of
insecticides or fungicides, as done with emerald ash borer (Flower et al., 2018). Another
common preventative management tactic is preemptive harvesting or presalvage logging
which is frequently used to prevent a pest from spreading to harvest salvageable wood
(Orwig and Kittredge, 2005). This technique has been used for hemlock woolly adelgid
and gypsy moth in an attempt to safeguard a stand from infestation (Foster and Orwig,
2006; Kizlinski, 2002). However, some work has suggested that this method may have
unintentional consequences for ecosystem dynamics and composition (Foster and Orwig,
2006; Liebhold et al., 1997; Brooks, 2004).
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Asian longhorned beetle (ALB) is a pest native to China that arrived in the United
States via packing materials, first in Brooklyn, NY and then several cities in the United
States and Canada. Asian longhorned beetle is a polyphagus insect that attacks several
genera of trees in the United States, primarily Acer spp., Aesculus spp., Betula spp., Salix
spp., and Ulmus spp. (Gao et al, 1993; UMASS, 2016). The beetle bores into the tree,
laying eggs beneath the bark and feeding on the phloem. Consecutive attacks over 5-10
years can cause tree mortality (UMASS, 2016; Hull-Sanders et al., 2017).
One of the most significant infestations of ALB occurred in Worcester county,
MA where this insect was first detected in 2008. As with previous infestations,
management for ALB initially focused on urban areas, but the pest moved beyond street
trees and into bordering natural forests creating a unique management situation not
previously documented for this species. These surrounding forests were predominately
mixed hardwood-pine forests dominated by Acer spp., creating a high risk of the pest
spreading into bordering counties (Butler, 2017; Dodds and Orwig, 2011). Given this
threat, managers chose to apply full host removals, which had been employed in previous
infestations and include cutting down every host species above 2.5cm in diameter. In
addition, some areas received stump grinding and herbicide applications to stumps to
minimize stump sprouting of host species. Management began in 2008, shortly after ALB
was found, with our study revisiting these areas 10 years later. The literature surrounding
the effects of ALB on individual trees is extensive, but given ALB had not infested
natural forests before, key information gaps remain regarding the short- and long-term
effects of ALB on forest systems.

3

The first portion of this thesis seeks to examine the short-term effects of ALB on
forests in Worcester county. Forests in Worcester county were managed for ALB with the
goal to eradicate the pest, but there is great uncertainty regarding how these forests will
continue to progress, especially due to the coupled effect of climate change. Extensive
vegetation sampling across a range of sites and ALB management regimes was used to
assess the effects of management. We sampled the overstory, regeneration layer, and
herbaceous plant layers to monitor how management impacted treatment and forest types.
This observational field study is the basis of chapter 2, and plot data was incorporated
into further analysis described in chapter 3.
We also applied the same methodology and questions to an observational field
study, detailed in Chapter 4. The purpose of this study is to compare early results from
the ALB eradication efforts in Clermont county, Ohio, to those employed in Worcester
county. We specifically compared the differences in host abundance in the regeneration
layer as well as the presence of invasive plants in the herbaceous communities.
The second portion of this thesis seeks to examine the potential forest succession
pathways of these forests under various climate scenarios. The northeastern United States
is expected to warm 3-5 degrees Celsius due to climate change over the next 100 years,
and many ripple effects are expected such as unpredictable shifts in precipitation patterns
and growing season length (Millar et al., 2007; Kosiba et al., 2018; IPCC, 2018). Because
of these effects, many forests will experience shifts in species range and composition
(Janowiak et al., 2018; Iverson et al., 2014). Some species, like red maple, oak, and
hickory are expected to increase in abundance while northern hardwood forests are
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expected to decrease. Managers must plan for an uncertain future and need to consider
longer time scales and species shifts (Duveneck et al., 2014, Duveneck et al., 2017).
We used the LANDIS-II forest vegetation simulation model to examine the
interacting effects between several climate and ALB management scenarios over 10-year
time steps. The LANDIS-II landscape change model and associated extensions were used
to simulate future forest conditions in areas impacted by ALB. LANDIS-II is a spatial
forest landscape model that simulates the interactions between disturbance, succession,
and management (Scheller and Mladenhoff 2004). The model is designed to exhibit longterm change over large landscapes and to capture normal ecosystem processes and the
input of disturbance (Gustafson et al, 2000). For our study, we sought to model the
impacts of ALB management, as opposed to the pest itself, as ALB is a slow-moving pest
and can invade an area over a long-time scale (Hu et al., 2009). However, management
for ALB occurs over a few years and can be more severe, removing every host tree
within a quarantined area. This also allows us to model several types of management,
including a business-as-usual prescription to compare the long-term effects of
management and climate change on forests in southeastern New England.
The overall goal of this study was to address the knowledge gap surrounding the
short term and long-term effects of ALB management in natural forests. Chapter 2 will
focus on the results of our forest health monitoring field study, specifically examining the
short-term effects of Asian longhorned beetle management on forests in Worcester
county, MA. Specifically, we asked: how does ALB management influence forest
composition for the overstory and understory regeneration, and the presence of invasive
plant species across treatment and forest types. Chapter 3 examines the long-term effects
5

of ALB management, extrapolated beyond the Worcester quarantine boundary and into
Worcester county, Massachusetts and Claremont county, New Hampshire. In this chapter,
we used a LANDIS-II model to examine the interacting effects of management and
climate change in our study areas. Specially we wanted to investigate how i) climate and
management interact in our area of interest and ii) how forests will evolve postmanagement for ALB. Chapter 4 is an observational research note concerning the
impacts of ALB in Clermont county, Ohio, and the differences that exist between this
area and Worcester county, MA. Lastly, chapter 5 is a general review of the findings and
how they can be applied to the greater context of invasive species management. This
chapter also discusses the limitations, further work to consider, and various applications
of this study.

6

CHAPTER 2: IMPACTS OF ASIAN LONGHORNED BEETLE ON FOREST IN
SOUTHERN NEW ENGLAND/ WORKING DRAFT
2.1 Introduction:
The presence of invasive and nonnative pests has increased significantly over the
past three decades worldwide threatening the structure, functioning, and benefits
provided by forests and generating significant concerns for managers tasked with
sustaining forests in both urban and rural settings (Liebhold et al., 1995). This increase in
pests has already resulted in dramatic changes in forest conditions and processes in many
regions of the globe, including loss of key tree species and shifts in native biodiversity
with concomitant impacts on ecosystem structure and function (Lovett et al., 2016). For
example, the Northeastern United States has one of the highest numbers of nonnative
pests in the world with recent declines in forest cover and increases in fragmentation
attributed to the activities of these organisms (Lovett et al. 2006). These and other
impacts may be further compounded in the future under changing climate and disturbance
regimes (Krist et al. 2014; Dukes et al., 2009). Understanding how pests may influence
forest ecosystem function beyond changes in composition associated with host species
loss is essential in quantifying the effects of invasion and developing appropriate adaptive
management plans.
Increased globalization has contributed to the arrival of nonnative pests and
pathogens via trade with estimates suggesting 2.5 new invasive pests are introduced to
the United States per year (Aukema et al. 2010; Krist et al. 2014; Lovett et al., 2016).
Several nonnative pests have become extensively established in forests in the United
7

States and have greatly affected the distribution and health of tree species and
ecosystems. For example, beech bark disease, a scale insect and fungi complex, which
came into the United States in the late 1800s has since shifted the structure and density of
northern hardwood forests, and there are fewer trees of large diameter Fagus grandifolia
and creation of extensive beech thickets (Forrester et al., 2003; Lovett 2016). More
recently, the invasion of hemlock woolly adelgid from East Asia in the 1950s, has
threatened a massive loss of the foundation species, Tsuga canadensis and has had
cascading effects on ecosystem-level dynamics, including water quality and soil
ecosystem processes such as nutrient leaching (Ellison et al., 2005; Jenkins et al.,1999).
These and other invasive pests have resulted in potentially permanent effects on the
ecosystems they have invaded.
Invasive pests present both short and long-term effects on ecosystems and the
communities they invade. Short-term impacts on trees and forests include defoliation,
decreased vigor, and reduced growth (Ellison et al., 2005; Heuss et al., 2018; Engelken et
al., 2020). Long-term impacts include ecosystem-wide effects such as species loss, tree
death, shifts in nutrient cycling, reductions in habitat suitability, and changes to above
and belowground productivity, with these changes often constituting a lasting driver of
processes in an ecosystem (Lovett et al., 2006).
Evaluating the potential ecological impacts of a given non-native invasive pest
requires consideration of the distinctiveness and abundance of the host species impacted
and the short and long-term effects on individual trees and ecosystem functions and
dynamics (Lovett et al., 2006). For example, hemlock woolly adelgid (HWA), Adelges
8

tsuga, attacks hemlock, which is an abundant species throughout its range and considered
a foundation species due to its strong influence on ecosystem structure and processes,
including nitrogen cycling rates and understory microclimate conditions (Ellison et al.,
2005; Vose et al, 2013). As such, loss of this species due to HWA has generated
significant alterations to the composition, structure, and biogeochemical cycles across
much of the range of this species (Ellison et al., 2005; Vose et al, 2013). In contrast,
potential hosts for other introduced insects and diseases may be less widespread or play a
lesser role in driving ecosystem dynamics relative to other canopy tree species in a given
ecosystem, such as dogwood anthracnose (Daughtrey et al., 1988). Although invasion of
these sites may still generate significant ecological and cultural impacts, shifts in
ecosystem structure and function are much less severe than when dominant species are
impacted.
Beyond the direct impacts of a given introduced pest, the associated management
response is also important to consider when evaluating the ecological impacts of an
introduced species. Most often, management occurs once the pest is established in an
environment and eradication is no longer possible (Lovett et al. 2016; Waring and
O’Hara, 2005). Increasing vigor and potential defenses of host tree species through
thinning treatments, such as those employed with southern pine beetle, have been
successful in reducing the impacts of some invasions (Dodds et al., 2017; Nowak et al.,
2015). Gene conservation is also often employed using insecticides or fungicides to
maintain a component of the tree in the landscape. This has been practiced for many
invasions, such as for emerald ash borer and gypsy moth (Flower et al., 2018; Tobin,
2008); however, widespread application of this approach is limited by economic and
9

operational constraints. Biocontrol has been proposed as a leading, while controversial,
way to address nonnative invasions, as the introduction of a new insect as a biocontrol
may lead to indirect ecosystem wide effects (Hajek et al., 2016, Orwig et al., 2018).
Occasionally this approach been used across the entire range of a host species, but
success has been minimal because pests often disperse faster than management can be
employed (Vose et al., 2013).
A common management tactic in response to invasive insects and diseases are
pre-infestation removals of host trees in an attempt to reduce invasion impacts and spread
and salvage economic value in trees. Presalvage thinning has been used for gypsy moth
treatment to minimize stand susceptibility to invasion (Muzika et al., 1998); however,
studies have shown mixed results in the long-term effectiveness of thinning as stands
experienced similar defoliation, and additionally the removal of a host tree can also lead
to increased growing space that other species can occupy (Waring and O’Hara, 2005;
Liebhold et al., 1997). Nevertheless, work by Foster and Orwig (2006) demonstrated that
preemptive harvesting of trees susceptible to an insect attack can sometimes be more
damaging than the actual insect attack, with the potential to affect belowground nutrient
cycling, understory composition and invasive plant presence, and illicit other undesirable
ecosystem dynamics (Ellison et al., 2005; Smith et al., 1997). In many cases, preemptive
harvesting is discouraged because there is the possibility that some trees may be
genetically resistant (Orwig and Kittredge, 2005; Foster and Orwig, 2006; D’Amato et
al., 2020). Furthermore, timing is of crucial importance, as many trees could be infested
before an outbreak is detected, and timber quality may be already degraded. There are
many factors to consider when implementing a preemptive harvest, including pest
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severity, economic feasibility, stakeholder interests, landscape heterogeneity, and the risk
of invasive or nonnative plants moving into new areas (Waring and O’Hara, 2005).
An invasive pest first found in the mid-1990s has had significant ecological and
economic effects on urban forest dynamics in North America is Anoplophora
glabripennis, known as Asian longhorned beetle. Asian longhorned beetle (ALB) is in the
Cerambycidae family and is native to China and Korea (Hu et al., 2009; Haack et al.,
2010). This woodboring polyphagous insect attacks several genera of trees in the United
States that constitute major components of temperate forests, including Acer spp.,
Aesculus spp., Betula spp., Salix spp., and Ulmus spp. (Gao et al, 1993; UMASS, 2016).
Female beetles of this insect chew into the bark to lay their eggs in the phloem in the
summer with larvae hatching under the bark where they feed before moving into the tree
causing significant damage through tunneling. Emergence is marked by round exist holes
approximately one centimeter in diameter (Hu et al., 2009). Successive attacks
compromise internal function and lead to a loss of tree vigor, and ultimately widespread
tree mortality after 5-10 years of attacks (UMASS, 2016; Hull-Sanders et al., 2017).
Given the wide distribution of potential host species worldwide, ALB has been found
in several European countries including Austria, France, Germany, and Italy and
numerous locations in the United States (Herard et al., 2006; Haack, 1997; Nowak et al.,
2001). Asian longhorned beetle was first found in the United States in Brooklyn, New
York in 1996, where the beetle was introduced via wood packing materials (Haack, 1997;
Haack et al., 2010). Areas infested were first surveyed extensively to determine the
spread of the pest and to construct quarantine boundaries. Management in Brooklyn
included a complete removal of host species within quarantine boundaries with this
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infestation ultimately declared eradicated in 2019. Asian longhorned beetle has also been
found and eradicated in Chicago, Illinois, Boston, Massachusetts, and Toronto, Canada
following a similar path of invasion through trade (Haack et al., 2010; APHIS, 2016).
The management as prescribed by APHIS was utilized in all locations, and removal of
host species occurred on street trees in both locations. Currently, Worcester county, MA,
Clermont county, MA, Amityville, NY, and Charleston county, South Carolina are under
quarantine for ALB.
The majority of ALB infestations have occurred in urban settings, with impacts
limited to boulevard trees or isolated residential plantings; however, the 2008 infestation
in Worcester, MA USA moved outside of the city and into adjacent forested areas, which
were largely dominated by host species, such as Acer spp. The quarantine for Worcester
is the largest documented ALB infestation with 284.9 square kilometers currently
regulated. Early studies on ALB in Worcester county were stand assessments into the
effects of the beetle on growth and function of host trees (Dodds and Orwig 2011). Work
examining the impacts of ALB on these areas indicated that there were no differences in
radial growth between uninfested and infested host species (Dodds and Orwig 2011).
Assessments of overall damage patterns by ALB in these forests concluded that the beetle
preferred Acer rubrum to Acer saccharum and Acer platanoides with no discrimination
between diameter classes. These evaluations of short-term impacts suggest ALB has the
potential to significantly shift species composition in these systems away from Acer spp.
dominance with reductions in aboveground biomass and mature forest conditions (e.g.,
large diameter trees) (Dodds et al., 2014).

12

Management techniques employed by APHIS and foresters following the infestation
of Asian longhorned beetle in forest stands include full host removals (removal of all host
species), herbicide treatments (removals of host species with addition of herbicide to
stumps), and stump removals (removal of host species) (UMASS, 2016). While
management techniques for ALB are considered successful in eradicating ALB from
several urban locations, it is not yet known what effect eradication efforts will have on
the long-term composition, diversity, and structure of natural forests. Long-term
mortality from ALB or host removals due to management measures has been predicted to
lead to stands dominated by the non-host, Quercus spp., which was the species of next
greatest abundance in impacted forests (Dodds and Orwig, 2011).
Asian longhorned beetle is predicted to continue to be an issue in the United States
and worldwide (Peterson and Hargrove, 2004). This study builds on the research
surrounding the effects of ALB on forests and urban areas in Worcester county, MA and
contributes to the understanding of forest and vegetation response to management
associated with ALB eradication over time. The objectives of this study were to assess
the impacts of the ALB eradication efforts five years post-management on different forest
types and across treatment types by quantifying: i) the composition and structure of the
overstory layer, ii) the composition, diversity, and richness of the regeneration layer and
iii) the presence of invasive plant species in the herbaceous layer across forest types and
treatments.
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2.2 Methods
2.2.1 Study Area and Design
Field sites were in the Worcester County area in central Massachusetts and
selected in conjunction with foresters from Massachusetts Department of Conservation
and Recreation (DCR) based on two factors: 1) located within quarantine boundary and
2) treated with ALB eradication harvests between 2008-2015 (Figure 1). Sites sampled
include white pine hardwood forests (n=5), oak hardwood forests (n=5), and red maple
hardwood forests (n=5) (Table 1). All sites selected were subject to full host removals of
all ALB host species, including Acer rubrum, Acer sacchrum, Acer platanoides, and
Betula spp. Treatments included full host, FH, (removals cut all stems ≥ 2.54 cm
diameter breast height [DBH, 1.3 m height] of all ALB host species), herbicide, H, (full
host plus application of Garlon 4 Ultra and Triclopyr herbicide to cut stumps), and stump
ground (SG) (full host plus stump removal and grinding). Controls representing each
forest type (n=3) were established within quarantine bounds and located in unaffected
areas adjacent to cuts when possible. Given we were unable to find replicates of
unimpacted control areas, these sites serve as a general benchmark for comparing
treatment impacts within a given forest type but were not included in statistical analyses
of treatment effects.
Worcester County is in the northeastern highlands ecoregion, with fine sandy
loam soils over schist and phyllite bedrock (NRCS Soil Survey, 1985, Zen et al, 1983).
This region receives an average of 127.6 centimeters of precipitation annually with
average minimum and maximum temperatures ranging from -9.1-26.0 degrees Celsius
from 1987-2017 (PRISM Climate Group, 2004). Currently 284.9 square kilometers are
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regulated in Worcester County for ALB, including the cities and towns of Worcester,
West Boylston, Boylston, Shrewsbury, and parts of Holden and Auburn (APHIS, 2018).

Figure 1: Map of the study area, including a red highlight of the Worcester county ALB
quarantine boundary with designated field sites.
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Table 1: Sites in Worcester County, MA by forest type and treatment. All sites had a
full-host removal, additional treatments are noted in the treatment column. Site codes are
as follows: Full Host= FH, Stumps Ground= SG, Herbicide=H, and Control=C. Forest
type codes are oak hardwood= OHW, white pine hardwood= WPHW, and red maple
hardwood= RMHW.
Site

Town

Latitude

Bovenzi

Worcester

Resevoir

Longitude

Forest Type

Treatment

42.32146 -71.8092

OHW

SG

Boylston

42.33232 -71.7544

WPHW

H

Hillside Park

Boylston

42.33232 -71.7544

RMHW

SG

Hillside Park

Boylston

42.33232 -71.7544

WPHW

H

Prison Cut

West
Boylston

42.32601 -71.7683

WPHW

H

Dodge Park

Worcester

42.29595 -71.7947

OHW

SG

Malden Street

Holden

42.35522 -71.8184

RMHW

FH

Slocum
Meadow

Shrewsbury

42.30322 -71.7335

WPHW

H

Ireta Road

Shrewsbury

42.29416 -71.7432

Watershed –
Beaman
Street

West
Boylston

42.38035 -71.7868

WPHW

Lee Street

West
Boylston

42.35568 -71.8003

OHW

Brattle Street

Worcester

42.3159

-71.814

Prospect

West
Boylston

42.3499

-71.795

Hartwell

West
Boylston

42.3429

-71.768
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RMHW

OHW
OHW

RMHW

FH
FH

FH
SG
C
C

Lawrence

West
Boylston

42.3499

-71.795

WPHW

C

2.2.2. Field methods
Field sampling of woody vegetation, ground level vegetation, and coarse woody
material at each site occurred in three, 0.04 ha plots. Plot placement was along a transect
to ensure adequate coverage of forest conditions in each area. Plots were set at least 50
meters apart from one another, as well as from roads. Each plot was set up according to
Forest Health Monitoring (FHM) program protocols (Alexander and Barnard, 1994).
In each plot, species and diameter at breast height (DBH) were recorded for all
living and standing dead overstory trees, ≥10 cm DBH. Saplings were measured in 40 m2
subplots at 5.5 meters from plot center at azimuths of 0, 120, and 240°. Saplings were
defined as individuals greater than 1.3 m tall and less than 2.54 cm DBH and were tallied
by species. Seedlings less than 25 cm tall and less than 2.54 cm DBH were tallied by
species in 5 m2 subplots nested within the sapling plots.
Ground layer vegetation was tallied and recorded in three 1-m2 plots at 4 m from
plot center at azimuths of 60°, 180°, and 300°. Abundance, the percent cover at each
subplot, of herbaceous and woody species less than 25 cm tall were recorded in each plot
by life form and cover class. Life forms were as follows: herb (H), fern (F), sedge/grass
(S/G), bryophyte (B), and bare soil (S). Cover classes were classified by percent cover
from 1 to 6 (1=trace-1%, 2=1-5%, 3=6-15%, 4=16%-30%, 5=31-60%, 6=61-100%).
Presence or absence of non-native, invasive species was also recorded in these plots.
Coarse woody material (CWM) was measured along three, 11.3 m transects
originating from the center of each plot at azimuths of 0°, 120°, and 240° (CWM≥7.6cm
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and ≥1m in length) following the line intercept method (Harmon and Sexton 1996).
Species, intercept diameter, and decay class was record for each piece using a five-class
system (Maser et al., 1979). Coarse woody material (CWM) was scaled up to volume per
hectare (Harmon et al. 2008). When a specific species could not be identified, it was
categorized as either “hardwood” or “softwood” based on wood anatomical features.
2.2.3. Statistical Analysis
The influence of ALB eradication treatments, forest type, and their interactions on
sapling and seedling regeneration density, coarse woody material volume, and
herbaceous plant community density were evaluated using generalized linear models
(GLM) and conducting a mixed model analysis of variances test (ANOVA) in R
programs (R Core Team, 2018). For these ANOVAs, treatment and forest type were
treated as fixed effects and site was treated as a random effect. Response variables tested
included: 6-class categorical metric of average percent cover by life form, richness and
diversity of the herbaceous layer, species composition and abundance of saplings and
seedlings, the presence of stump sprouting, and volume of coarse woody material.
Woody plant and herbaceous plant species were averaged by site and scaled up by the
hectare.
The presence of invasive plant species used a binomial distribution with a logit
link, where the presence of an invasive species was indicated by a “1” and the absence
was indicated by a “0”. The presence of stump sprouting also used a binomial distribution
with a logit link and the same presence and absence system. Overstory basal area was
averaged by site and an ANOVA was used to test for differences by treatment and forest
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type. The shape of diameter class distribution of trees (DBH> 10.1cm) by each treatment
type was classified according to the methods used in Janowiak et al., 2008.
To examine gradients in herbaceous and woody plant composition in response to
treatments and across forest types, Nonmetric Multidimensional scaling (NMS) was used
in PC-Ord (McCune and Medford, 2011). Specifically, a matrix of species density was
created for the sapling community. Species that were rare (two occurrences or less) were
excluded from the matrix. For the herbaceous plant community, a primary matrix of
percent cover was averaged by plot. Rare species (one occurrence) were excluded from
the herbaceous primary matrix. A secondary matrix was created for sites by forest type
and treatment for both the sapling and herbaceous plant communities. A general
relativization was done to equalize the contribution of species to the overall ordination
solution. NMS was run on autopilot and slow and through conditions to determine the
axes with the lowest stress that explained the most variation. Axes described the most
variation in the final ordination solution were displayed, and the correlations between
axes and species abundance were analyzed using Kendall’s tau. We used permutational
multivariate analysis of variance tests (perMANOVA) to test for significant differences
between groups in terms of community composition. Finally, an indicator species
analysis was used to identify if species associated with significantly treatments or forest
types based upon frequency and abundance. An alpha=0.05 was used for determining
significance across all tests.
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2.3 Results
2.3.1. Forest Structure and Composition: Overstory Basal Area, Treatment types
Overstory tree basal area varied by treatment and forest type. Overall, the most
abundant overstory tree across treatments was white pine (35.0% of total basal area), with
red oak (29.3%) being the next most abundant species. Other hardwood species including
red maple (11.2%), white oak (10%), and hickory (3.3%) occurred in smaller proportions,
and these proportions varied by treatment. White pine (42.6%) and Quercus spp.
(40.8%) were the most abundant overstory trees in full host (FH) treatments. Quercus
spp. was the most abundant overstory tree (79.0%), with red maple (10.7%) as the next
most common species in herbicide (H) treatments. Quercus spp., red oak (46.2%), and
white oak (20.0%) were the most abundant overstory trees, followed by white pine
(19.7%) in stumps ground (SG) treatments. In the control plots, red oak (33.1%) was the
most abundant, followed by white pine (32.9%). There was no difference between the
total basal area by treatment (f=0.14, p=0.93) and basal area across forest types did not
vary significantly (f=1.66, p=0.27, Table 2).
2.3.2. Overstory Basal Area, Forest Type
Live-tree size distributions in the FH, H, and SG treatments all had negative
exponential curve forms (Fig. 2). There was no significant difference between treatments
or forest type in terms of quadratic mean diameter (f= 0.65, p= 0.60; f=0.85, p=0.45,).

20

Table 2: Average stand characteristics by treatment and forest type. Average overstory basal
area (m2/ha±SE), trees per hectare (Trees±SE), quadratic mean diameter (cm±SE), and coarse
woody material volume (m3/ha ±SE) and biomass (Mg/ha±SE), and total snag basal area (m2/ha).
Variable

N Overstory
Basal Area

Trees per

QMD

CWM

CWM

Snag Basal

Hectare±SE

(cm)

Volume

Biomass

Area

±SE

(m3/ha±SE) (Mg/ha±S (m2/ha±SE)

(m2/ha±SE)

E)
Treatment
Full Host

4 33.6±7.2

525±118

29.8±4.8 17.1±4.0

6.0±1.7

1.47±1.1

Stumps

4 34.4±4.6

383±94

35.9±6.0 23.2±6.0

7.1±1.5

1.88±0.1

Herbicide

4 30.68±4.7

400±61

31.4±3.5 17.9±10.1

5.4±3.6

1.56±1.0

Control

3 29.9±5.2

556±139

26.7±2.6 16.2±4.4

5.5±1.6

1.87±1.1

5 32.8±2.2

387±45

32.6±3.2 22.5±6.9

6.9±2.6

1.76±0.7

5 33.1±5.2

407±84

33.9±5.0 19.7±4.7

7.1±1.5

1.60±0.9

5 30.9±4.8

587±105

27.1±3.3 14.1±5.0

4.0±1.1

1.88±1.0

Ground

Forest
Type
White Pine
Hardwood
Oak
Hardwood
Red Maple
Mixed
Hardwood
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Figure 2: Diameter at breast height (DBH) size class distributions by treatment and
across all sites. Species are denoted by their four-letter codes: ACRU= red maple,
CACO= shagbark hickory, PIST=white pine, PRSE= black cherry, QUAL=white oak,
QURU= red oak, Betula= birch species, other= uncommon minor species.
2.3.3 Overstory Basal Area, Host Species
Non-host species accounted for most of the basal area in all treatments (30.2 ±
0.03 m2/ha; 88.8%) relative to host species (1.3±0.2 m2/ha; 11.2%). There were no
significant differences between total host basal area by treatment or by forest type
(f=1.95, p=0.18; f=0.52, p=0.61). Host basal area was the greatest in the H treatments at
11.4 m2/ha, and three out of four sites had host species present in the overstory. However,
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FH and SG treatments had only one site out of four with host species present in the
overstory. While there was not a significant difference between overstory host basal area
by forest type, treated oak-hardwood forests did not have any overstory host species.
2.3.4. Coarse Woody Material and Snags
There was no significant difference in volume of coarse woody material (CWM)
between treatment (f=0.21, p=0.88) or forest type (f=1.13, p=0.36, Fig.3) or biomass by
treatment (f=0.11, p=0.95) or forest type (f=0.87, p=0.44). All decay classes were present
in FH and SG plots, while H and control plots did not have any CWM in decay class 1.
Snag volume and basal area did not vary significantly by treatment (f=0.04, p=0.99) or
forest type (f=0.03, p=0.97, Table 2).
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Figure 3: Biomass and decay class of coarse woody material (Mg/ha) by treatment.
Decay classes are according to Maser et al., 1979.
2.3.5. Regeneration
Total seedling density was not significantly influenced by treatment or forest type,
but patterns emerged on a species-specific basis (Fig. 4). Red maple seedlings were the
most abundant seedling counted across all treatments at 1650 stems/ha of total seedlings
(37.1%), followed by black birch and red oak at 1275 stems/ha (30.4%) and 450 stems/ha
(10%), respectively. Host species accounted for 26.8% of the total seedling count and
were present across each treatment type.
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Figure 4: Number of host and non-host seedlings by hectare categorized by treatment
type (Stems±SE). No seedlings were measured in control plots.

The density of black birch seedlings was significantly impacted by treatment, with
(full host (p=0.0004), herbicide (p=0.002), and stumps ground treatments (p=0.027) all
having significantly different densities of this species. FH treatment had the greatest
density of black birch seedlings at 550 seedlings per hectare followed by H at 525 and SG
at 275. Similarly, densities of yellow birch were impacted by treatment with significantly
greater densities of this species in the FH treatments (p=0.04) relative to other treatments.
Additionally, several species of seedlings had significantly higher densities by forest type
including black birch (p=0.001) and hickory (p=0.003) in oak hardwood forests, black
birch in red maple mixed hardwood forests (p=0.005), and white oak in white pine
hardwood (p=0.02).
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2.3.6. Saplings
There were no significant differences in sapling density among treatments (p=0.19) or
forest type (p=0.16). There was however some variation across treatment and forest type,
with the most host species recorded in full host treatments, followed by herbicide (Fig.
5). The stumps ground treatment had the fewest host species recorded. Stump sprouting,
noted qualitatively, occurred at approximately 60% of sites and was noted across
treatment and forest type. There was no significant relationship between the presence of
red maple stump sprouts by treatment (p=0.59) or forest type (p=0.92).
As with seedling count totals, red maple was the most abundant sapling species
totaling 15,250 stems/ha (43.4%) across all treatments. The density of red maple did not
vary across treatments (p=0.56). White pine and black cherry were the next most
abundant saplings counted at 7525 stems/ha (19.5%) and 2850 stems/ha (8.1%),
respectively.
Negative binomial GLMs indicated that certain species of saplings had greater
densities in a given forest type or treatment. Red maple had a significantly higher density
in the SG (p=0.04) and eastern cottonwood was significantly greater in the SG treatment
(p=0.02). The density of serviceberry was significantly greater in the red maple mixed
hardwood forest type (p=0.04).
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Figure 5: Number of host and non-host saplings by treatment type (Stems±SE).
2.3.7. Woody plant community composition
Woody plant species composition varied considerably across treatments and
forest types, as evidenced by the non-metric multidimensional scaling (NMS) ordination,
which produced a three-dimensional solution explaining 54.7% of variation in the data
(final stress=9.94, p-value=0.03, instability=0). Axes 1 (14.5 %) and 2 (54.7%) explained
the most variation in the data (Fig.6).
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Figure 6: Nonmetric multidimensional scaling (NMS) for sapling species by treatment.
Axis 1 and 2 explained the most variation in the data. Species are denoted by their fourletter codes and are located on the axis according to their weighted average species score.
Only species significantly correlated with either axis are shown.
Axis 1 largely contained plots from the H treatment and FH in the positive portion
of the axis. Axis 1 explained a cumulative 14.5 % of the variation and was positively
correlated with black birch (=0.445) and American beech (=0.642) and negatively
associated with eastern cottonwood (=-0.552) and red oak (=-0.545). Axis 2 included H
sites in the negative portion of the axis. Axis 2 explained a cumulative 54.7% of the
variation and ranged from C and FH treatments in the negative portions to SG treatments
in the positive portions. This axis was positively correlated with yellow birch (=0.547)
and hickory (=0.541) and negatively correlated with white pine (=-0.522) and red
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maple (=-0.604) (Table 3). A final PerMANOVA analysis indicated that there was no
significant difference between woody species community composition by treatment
(f=1.59, p=0.13) or forest type (f=1.30, p=0.25) or their interaction (f=0.97, p=0.56).
According to the results of the indicator species analysis, hickory (p=0.02) and black
cherry (p=0.03) were significantly associated with the SG treatment. No species were
significantly associated by forest type.

Table 3: Correlation between sapling species densities and NMS axis scores based on
Kendall’s tau. * P<0.05, ** P<0.01.
Species

Common

Axis 1

Axis 2

Axis 3

Red Maple

-0.201

-0.604**

-0.179

ACRU.S Red Maple

-0.067

0.358

0.269

--0.047

0.547*

-0.078

Name
ACRU

(S. denotes
stump
sprout)

BEAL

Yellow
birch

BELE

Black birch 0.445*

0.134

-0.217

BEPO

Gray Birch

0.158

0.063

0.570**

CACO

Hickory

-0.229

0.541**

-0.187
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FAGR

American

0.642**

-0.237

0.237

beech

PIST

White pine

0.116

-0.522**

0.155

PODE

Eastern

-0.552*

0.110

0.166

-0.381

0.313

0.045

cottonwood

PRSE

Black
cherry

QUAL

White oak

0.206

0.226

0.082

QURU

Red Oak

-0.545**

-0.248

0.367

2.3.8. Herbaceous plant community composition
There were 28 unique species recorded, 4 of which were invasive species. Despite
detecting these invasive species, they represented a small proportion of understory plants
across all treatments and there was no significant difference between treatments in terms
of their occurrence. Species richness ranged from 6-9 in the FH treatment, 4-8 in the SG,
4-8 in H, and 3-6 in control plots (Fig. 7). There was no significant difference between
richness, evenness, or Shannon’s index between treatments. Shannon’s diversity was
significantly different between forest types (p-value= p<0.0005) with WPHW have
significantly lower diversity than OHW and RMHW, which were not significantly
different from one another.
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Figure 7: Richness±SE, Shannon’s index of diversity±SE, and evenness±SE by
treatment and forest type. There was no significant difference between richness,
evenness, or Shannon’s index between treatments. There was a significant difference
between Shannon’s index between forest types indicated by the difference in letters
(p<0.0005).
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Figure 8: Nonmetric multidimensional scaling (NMS) for understory plant communities
by treatment. Axis 2 and 3 explained the most variation in the data.
As with woody plant communities, there was a high degree of variation within
and across treatments in herbaceous communities, as illustrated by non-metric
multidimensional scaling (NMS). The NMS analysis produced a three-axis solution with
a final stress value of 9.9943 (p=0.0319, instability=0). The solution accounted for 50 %
of variation in the data with axes 2 and 3 explaining the most variation in the data (Fig.
8). Axis 3 explained 35.7 % of the variation and was positively associated with herbicide
treatments and negatively correlated with barberry (=-0.468) and stilt grass (=-0.5).
Axis 2 explained 28.2 % of the variation and was positively associated with SG plots, and
negatively correlated with blueberry (=-0.41) and starflower (=0.48) and positively
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correlated to bryophyte spp. (=0.45) and fern spp. (=0.45) (Table 4). Bryophyte spp.
were significant indicator species for the stumps ground treatment, but no other species
were significant by treatment (p= 0.0008). There were no significant differences between
forest type, treatment, or their interaction in terms of understory species composition
based on PerMANOVA. (f=0.98, p= 0.52).
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Table 4: Results of the sapling species correlation species by each axis based on
Kendall’s tau. P <0.05, ** P<0.01.
Species

Common

Axis 1

Axis 2

Axis 3

Name
Berberis vulgaris

Barberry

-0.169

-0.056

-0.470*

Microstegium

Stilt Grass

-

0.122

-0.278

-0.282

0.432

-0.094

vimineum

0.500*

Parthenocissus

Virginia

quinquefolia

Creeper

Toxicodendron

Poison Ivy

-0.304

0.386

-0.414

Lady Fern

-

-0.028

0.331

radicans
Athyrium filixfemina

0.524*

Dryopteris

Wood Fern

-0.247

-0.082

0.270

Cyanococcus

Blueberry

0.411*

-

-0.17

0.451*
Maianthemum

Canadian

0.425*

-0.213

-0.97

canadense

Mayflower

Viburnum

Maple

-0.094

-0.169

0.319

acerifolium

Viburnum

Dendrolycopodium

Prickly

-0.386

-0.304

0.110

dendroideum

Clubmoss

Hamamelis

Witch Hazel

-0.244

-0.319

-0.094

Trientalis borealis

Starflower

-0.016

0.275*

0.016

Rubus

Raspberry

-0.234

0.016

-0.328

Dryopteris filix-mas Male Fern

-0.169

0.131

-0.169

Sedge/Grass

-

-0.050

-

Spp.

0.411*

Herb Spp.

0.484*
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0.531**
0.391

0.141

Bryophyte

0.149

0.447*

0.021

-0.109

0.453*

0.328

Spp.
Fern Spp.

2.4. Discussion
Invasive pests are one of the most pressing threats to forest health in many regions
of the globe. This study contributes to our understanding of the immediate effects of
targeted management regimes designed to mitigate the impact of a recent threat to
temperate forests in eastern North America, the Asian longhorned beetle (ALB).
Although short-term in nature, this study is the first examination of forest development
following ALB treatments applied in a natural forest setting, with results indicating that
patterns of recovery are consistent with post-disturbance trajectories previously
documented for mixed temperate hardwood forests in northeastern North America
(Barker-Plotkin et al. 2013; Orwig and Foster, 1998, Taylor et al., 2017).
Our results suggest that management for ALB does not significantly impact
understory herbaceous or woody plant community composition or the presence of
invasive plant species. As expected, overstory basal area was primarily composed of nonhost species across both treatment and forest types. There were no significant differences
in sapling density or plant abundance between ALB eradication treatments, but several
understory plant and tree species were associated with certain treatments. In contrast, host
species accounted for the greatest portion of sapling and seedling tree species (43.4%) in
areas experiencing ALB treatments, suggesting developmental trajectories towards future
vulnerability of these sites to ALB.
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Overall, forest recovery reflects the resiliency mechanisms and recovery patterns
common to temperate hardwood forests following a large-scale disturbance, suggesting
that despite generating significant changes to mature tree structure, the ALB eradication
treatments maintain compositional conditions associated with these ecosystems.
2.4.1. Effects of host removals on forest composition:
Nonnative invasive insects and fungal diseases can functionally eliminate host
tree species from a forest and shift overstory species dominance, such as in the historical
case of chestnut blight and the ongoing threat of emerald ash borer (Lovett et al. 2006,
Herms et al. 2014). Pre-emptive salvage logging or sanitation harvests of host species can
have a similar effect (Elliot and Swank, 2007; Herms and McCullough, 2014; Waring
and O’Hara, 2005; Kizlinkski et al., 2002). In the cases of ALB, host removals applied
largely as sanitation harvests have been effective at containing and suppressing invasions
of ALB in urban environments, namely in the Canadian and US cities of Toronto,
Chicago, and Brooklyn (APHIS, 2016; Haack et al., 2010, Liebhold et al., 2019) with
concomitant impacts on shade trees. In the present study, the preemptive removal of host
species, primarily Acer spp., from the overstory has not led to their functional
elimination, although these species are now largely relegated to seedlings, saplings, and
smaller diameter canopy trees. Nevertheless, the general trend toward non-host species
dominance we documented was consistent with predictions from initial surveys of forest
conditions in our study area that forecasted these forests would likely shift to dominance
by predominately oak and hickory species (Dodds and Orwig, 2011).
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The maintenance of host species in these forests following sanitation harvests is in
contrast to the results of model simulations of pre-emptive salvage harvests of Fraxinus
americana in advance of emerald ash borer in New England forests, which led to
significant reductions in host species abundance (MacLean et al., 2020). These
differences may be related to the limited ability of F. americana to recruit in the partial
canopy openings associated with its selective removal from mixed species forests
(D’Amato et al. 2020) relative to the Acer spp. examined in the present study (see section
2.4.2 below).
The compositional conditions of the forests we examined are largely influenced
by previous forest management and a history of post-agricultural abandonment prior to
ALB infestation in the region. As such, the responses we observed are largely a reflection
of the interaction of sanitation treatments with the stand structural and compositional
conditions present in these systems (Dodds and Orwig, 2011; DCR, 2018; Foster et al.,
1998). For example, diameter distributions for all treatments were characteristic of
stratified, even-aged stands (reverse-J curve) with the removal of maples across size
classes serving to enhance stratification in these systems (Janowiak et al., 2008; Oliver
and Stephens, 1977). In addition, the overstory layer of many sites were dominated by
white pine, Quercus spp., and Carya spp., all of which are common in areas with a
historic legacy of clearing for agriculture (in the case of white pine) and harvesting of
second-growth stands (Quercus spp. and Carya spp.; Foster et al. 1992). These three
species were also in high abundance before the disturbance in some sites previously
measured as well (Dodds and Orwig, 2011). As such, the composition of these forests did
not change dramatically after the host removals with conditions like many other areas
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experiencing historic, intensive land use in south-central New England (Foster et al.
1998).
2.4.2

Regeneration of seedlings and saplings / Patterns of regeneration diversity
and abundance
Post-disturbance regeneration patterns in the areas we sampled were more

significantly influenced by forest type, site characteristics, and regeneration mechanisms
of the constituent species than by the host treatments themselves, a pattern that aligns
with previous studies from other temperate forests (Dodds and Orwig, 2011; Plotkin et
al., 2013; Orwig and Foster, 1998, Taylor et al., 2017). Following large-scale disturbance,
such as the sanitation treatments we examined, the regeneration layer is not species rich,
and species that can adapt readily and tolerate changes in the microclimate are most
dominant (Lindenmayer and Ough, 2006). However, in our study, the understory sapling
and herbaceous layer we sampled remained quite diverse with no indication of invasion
by non-native woody species. Furthermore, there was no significant difference between
the sapling and seedling composition or density by treatment or forest type. The majority
of sapling species recorded were red maple, as well as several shade intolerant species,
including Carya spp., black cherry, and gray birch. However, given the short-term nature
of this study (5-7 years post-removal), other species may ultimately dominate both the
canopy and understory layers (e.g., Hoven et al. 2020; Zhu et al., 2014). For example,
studies examining long-term forest recovery after windthrow and associated salvage
logging treatments have demonstrated that initial differences in communities are reduced
over time (Lang et al., 2010; Peterson and Leach, 2008). Nevertheless, the early patterns
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we observed are different than those observed following pre-salvage harvests in response
to hemlock woolly adelgid (HWA), where post-harvest regeneration was dominated by
native, intolerant tree species and invasive species favored by the levels of disturbance
generated by host tree removals (Brooks, 2004; Foster and Orwig, 2006; Orwig and
Foster, 1998). The lack of ruderal and introduced species in the sapling layer of the
systems we examined may reflect a greater ability of current overstory species to
regenerate in response to the disturbance levels generated by sanitation treatments (See
2.4.3 below).
2.4.3 Host species recovery
Overall, our results indicate that the current composition of sapling and seedling
species is more likely influenced by forest type and resilience mechanisms than by the
different treatments employed (Plotkin et al., 2013; Peterson and Leach 2008; Palik and
Kastendick, 2009). Many of the species seen in high abundance in the areas we sampled
are species common to disturbed forests, such as white pine, cherry, and white oak
(Oliver and Stephens, 1977; Ellison et al., 2005). In our study sites, we found high
amounts of host seedlings and saplings returning in the understory, suggesting that host
species are recovering despite the application of treatments designed to reduce their
presence in these systems. Red maple is a shade-tolerant generalist, a prolific sprouting
species, and common in forests with disturbed soils (Abrams, 1998). Red maple and
white pine, the most abundant saplings and seedlings found in our sites, are also
vigorously growing species found in early seral and post-disturbance forests.
Additionally, given the dominance of Acer spp. in the overstory before eradication
39

efforts, it is not surprising to see significant regeneration (Dodds and Orwig 2011, Dodds
et al., 2014, Butler et al., 2007). Furthermore, white pine is an early colonizer species that
grows well after a disturbance, particularly in the sandy soils found throughout Worcester
County (NRCS Soil Survey, 1985). Black birch, black cherry, and red and white oak
saplings were also in high abundance and are characteristic of transition forests. Black
birch also operates as a generalist, and in many post-disturbance studies became a large
portion of the initial regeneration layer before falling out of the cohort (Barker-Plotkin et
al., 2013; Cooper-Ellis et al., 1999; Abrams, 1998). It will be important to monitor the
composition of the regeneration layer over time, as some species may not persist into the
upper size classes and become a large portion of the overstory. Currently, regeneration is
following patterns consistent with post-disturbance dynamics observed for other mixed
hardwood forests in this region.
The size of a disturbance and the preexisting vegetation’s ability to survive and
colonize post-disturbance both have a strong influence on forest developmental patterns.
(Oliver and Stephens, 1977; Cline and Spurr, 1942). The findings from this work argue
for considering these mechanisms when evaluating the potential impacts of host removal
treatments on future forest development. In our field sites, host species returned in high
numbers, particularly red maple, which was noted qualitatively as stump sprouts at our
sites. Red maple stump sprouts were recorded at all treatment types, except control sites.
While stump sprouts did not associate significantly with one treatment over the other, the
prevalence of sprouting is worth noting. Stump grinding and herbicide applications were
designed to minimize stump sprouting of red maple and ultimately discourage future host
material for ALB (Dodds and Orwig 2011). These patterns are consistent with those
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documented following a spruce budworm invasion in northern Minnesota, where
recovery was most influenced by management, land history, and species composition,
particularly in the immediate years. The species that returned post-spruce budworm
aligned most strongly with previous management and disturbance history (Robert et al.,
2012; Sturtevant et al., 2014). If the long-term goal for these forests is to continually
suppress host species, then further treatments should be applied to limit red maple sapling
growth, and particularly low-quality growing stock such as stump sprouts. However,
while management for ALB in Worcester county is ongoing, the volume harvested is far
less than during peak eradication efforts from 2008-2015. In the case of managing for
emerald ash borer, the pest itself often does not get eradicated from the area and ash
regeneration can become infested (Klooster et al., 2014). Preemptive harvesting in
advance of invasive species is designed to minimize the abundance of the host species;
however, our results suggest the sanitation harvests applied had only a transient effect on
host species abundance.
2.4.4. Herbaceous plant and woody communities
Herbaceous community composition across sites was largely dominated by
species tolerating sanitation treatments as opposed to invader species (Roberts, 2004,
Fahey and Puettmann, 2007). The abundance and diversity of herbaceous plants and
woody shrubs were not influenced by the treatments employed, suggesting that the
composition was more influenced by the forest cover type, species abundance prior to
treatment, life history traits, and the seedbank. As with woody plants, invasive species
represented a small portion of the species recorded, and while composition varied across
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treatments and forest type, there ultimately were no significant differences between them.
Like other studies on large-scale removals, our results reflected the multidimensional
effects of disturbance on understory communities as introduced by Roberts (2004),
indicating that canopy removal alongside the effects of harvest were impacting patterns in
community composition post-disturbance. While we cannot directly compare the
composition before the eradication efforts to our findings, our results are consistent with
the finding that vegetation communities rely on the species and conditions present before
gap creation (Fahey and Puettmann, 2007). Our results align with other studies conducted
in similar forest types across Massachusetts. An intensive history of land use has led to
the introduction of some invasive plants in upland, mesic sites, however this trend is also
strongly influenced by soil characteristics and harvest regimes as well (McDonald et al.,
2008). While land use history is a driving factor in many of our results, it does not appear
the severity of the harvest regimes increased invasive species. Soil health and
environmental characteristics could be a driving factor behind the presence of invasive
species in our results. Presently, the herbaceous plant and woody communities in
Worcester are typical for temperate forests in the northeastern United States postdisturbance, and they currently do not require additional invasive species management.
2.4.5. Conclusions and management implications:
Our study is the first examination of the response of natural forest communities to
sanitation treatments in response to ALB invasion. The observational nature of this work
and ability of pre-treatment tree and herbaceous species to persist on-site in response to
canopy disturbance likely limited our ability to detect significant difference between
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treatments; however, it is essential to continue to monitor and study the effectiveness of
the long-term implications of ALB eradication treatments on natural forests. These results
confirm that these forests are largely resilient to disturbance and are recovering from the
host removals. As such, forests in this area are still susceptible to ALB due to the large
portion of red maple in the understory and the presence of red maple in surrounding
forests (Butler, 2018). Furthermore, ALB continues to be a threat across the range of
Acer spp., with current infestations in Clermont County, Ohio, central Long Island, New
York, and mostly recently Charleston County, South Carolina (APHIS, 2020).
Management for ALB should continue consider the desired long-term forest composition
and structure (Lovett et al., 2006). If the long-term goal is to reduce host abundance in
treated stands, more deliberate actions should be taken to reduce maple regeneration,
such as additional stump grinding.
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CHAPTER 3: LONG-TERM EFFECTS OF CLIMATE CHANGE AND
MANAGEMENT OF A NOVEL, INVASIVE INSECT IN SOUTHERN NEW
ENGLAND
3.1.1 Introduction
Across the globe, climate change and forest pests have caused rapid changes in forest
composition and function and there is great uncertainty as to how these factors will shape
the future of forest ecosystems (Millar et al., 2007; Kosiba et al., 2018). By 2100, the
United States will likely warm 3-5 degrees Celsius and experience increased
temperatures, precipitation, and growing season length with cascading effects on the
density, range, and abundance of certain tree species (Janowiak et al., 2018; Dukes et al.,
2009; IPCC, 2018; Iverson and Prasad, 2001). Warming temperatures could allow pests
to overwinter more successfully and move into new areas as well as have more than on
generation per year (Weed et al., 2013, Lovett et al., 2016). In addition, nonnative pests
and outbreaks are increasing in prevalence and frequency across the United States and
increased levels of global trade will likely lead to a continued accumulation of pests
(Aukema et al., 2011). Climate and forest pests are two frequently studied topics;
however, their interactions over time are largely unknown, and management in response
to pests and climate may set forests on unknown trajectory (Pureswaran et al., 2018; Bale
et al., 2010, Lovett et al., 2016). As such, there is a pressing need to examine the
potential long-term pathways of climate and pests to learn how to best manage these
ecosystems.
Climate change could have both direct and indirect effects on forest composition
and function. Warming temperatures and precipitation shifts are causing longer and more
intense droughts, a further stressor on forest ecosystems (Luce et al., 2016). Tree species
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ranges will likely shift alongside changing weather patterns (Iverson et al. 2008, Iverson
and McKenzie 2013); however, the ability of individuals species to track these changes
may be limited (Zhu et al. 2012). Various models have indicated that species associated
with higher elevations and latitudes in eastern North America, such as spruce-fir forests
and northern hardwood forests, are predicted to decrease across their native range. Other
species, including red maple, oak, and hickory are more likely to increase in abundance,
and their ranges are predicted to shift northwards (Iverson et al., 2001; Matthews et al.,
2014). In a changing climate, some species and ecosystems will be more vulnerable than
others, and conservation strategies will need to evolve alongside these stressors
(Duveneck et al., 2014).
Recent studies have indicated that the northeastern US is currently experiencing
significant forest species loss and fragmentation due to nonnative pests, climate change,
and evolving disturbance regimes (Janowiak et al., 2018; Thompson et al., 2017; Millar
et al., 2007). Seasonal temperature fluctuations have been linked to higher rates of
overwinter survival and allow pests to expand their range, and many studies predict that
this could negatively influence forest biodiversity (Ayers and Lombardo, 2000; Dukes et
al., 2009; Logan et al., 2003; Pureswaran et al 2018; Bale and Hayward 2010). In
combination, pressures from invasive pests could lead to forest loss which could
ultimately remove significant forest biomass over time, despite favorable growing
conditions (Thompson et al., 2017; Foster et al., 1998) Historically, forest management of
invasive pest and blights most often focused on the short-term effects of a pest, but the
aftermath stage of an invasion should also be considered (Lovett et al., 2006). While this
short-term focus has been an appropriate response for many invasive species, climate
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change is forcing managers to consider longer time scales and consider the interacting
effects from climate change (Millar et al., 2007; Dukes et al., 2009; Duveneck et al.,
2014; Duveneck et al., 2017).
Historic land use and spatial scale are key factors that determine the interactions
between a given insect pest and its host species and can influence the severity of a pest
outbreak (Seidl et al., 2019, Lucash et al., 2018; Sturtevant et al., 2012). The availability
and connectivity of host trees were the primary determinants of large- and small-scale
outbreak dynamics of defoliating moths across Northern Europe (Wildemeersch et al.,
2019). Similarly, host tree connectivity and regional climate patterns were able to
explain historic bark beetle outbreak patterns and served to predict short-term and longterm risk of infestation (Seidl et al., 2016). Furthermore, forest management after an
invasion should consider the area of interest’s previous management history (Foster,
2009). Understanding both the short- and long-term risk of infestation is essential to
determining severity of an outbreak, as well as determining the forest-wide effects
beyond infested host trees.
Pest outbreaks are multi-scale and encompass many interacting factors, creating
the need to model host-pest interactions and the effects of management, as opposed to
purely insect outbreak patterns. Management regimes are, in some cases, shifting in
response to the threat of invasive species, sometimes resulting in increased harvesting
rates and shifts in species abundance and forest fragmentation (Dukes et al., 2009,
Ravenscroft et al., 2010; Thompson et al., 2017). In a study comparing preemptive
harvesting of hemlock and mortality from hemlock woolly adelgid, logged sites exhibited
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different regeneration patterns, such as the return of more shade-intolerant species (Orwig
and Kizlinski, 2002). Long-term projections indicated that the logged and untreated sites
would continue to follow different regeneration patterns, suggesting that management of
an invasive pest can lead to significant changes in structure, composition, and ecological
functions of a forest (Kizlinski et al., 2002).
Modeling the outcome of harvesting in response to an invasive pest has shown
that there is still great uncertainty surrounding the evolution of these forests, as there are
varying silvicultural responses to a pest alongside climate change (MacLean et al., 2020).
The long-term effects of salvage logging can vary drastically by ecosystem, as well as the
extent of salvage operations, and there is a great need to study the long-term effects of
forest composition and structure post-salvage logging (Thorn et al., 2018; Radeloff,
Mladenoff, and Boyce, 2000). Due to the variability of forest disturbance from insects
and interacting factors, modeling multiple pathways and impacts can demonstrate a more
complete synthesis of forest dynamics (Dietze and Matthes, 2014). Furthermore, climate
change is likely to decrease a forest’s resiliency to many different types of disturbance,
but the degree as to which this will happen remains largely uncertain (Lucash et al.,
2017).
Asian longhorned beetle (ALB) is a nonnative pest from China and first came into the
United States through Brooklyn, NY in 1996 via packing materials (Haack et al., 1997).
The beetle utilizes a wide range of hardwood tree species, including species in the Acer,
Betula, Salix, and Populus genera (APHIS, 2008, Hu et al., 2009). Because of its wide
host breadth, it poses a threat to hardwood and mixed hardwood forests throughout
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eastern North America, particularly across the range of Acer species. An aggressive
management approach can slow and eradicate ALB (Haack et al., 2010) with the most
common approach being the removal of all infested trees and uninfested host species
from an area, referred to as a full host removal. Observational studies of ALB impacts in
forested settings in central Massachusetts indicated this species has the potential to
significantly decrease overstory biomass and composition over time (Dodds et al., 2014).
Beyond the direct impacts on ALB populations, the application of full host removals to
eradicate creates large canopy gaps and removes dominant species from the canopy
across the infested region, shifting overstory species composition from primarily maple
hardwood forests to oak-hickory and white pine dominated forests (Dodds and Orwig,
2011).
For example, in our study region of New England, a legacy of agricultural abandonment
and reforestation has led to changes in species abundance and composition (Foster et al.,
1998, Foster et al., 2003; Oswald et al., 2018). Recent models have indicated that the
effects of climate change such as increased temperatures and growing season length will
favor the growth and biomass accumulation of New England forests (Thompson et al.,
2011; Thompson et al. 2013; Eisen and Plotkin 2015; Wang et al. 2016). However, the
timescale of species compositional shifts is largely unknown, as temperate New England
forests are currently predicted to be largely resilient to the rapid effects of climate change
(Duveneck et al., 2017). While ALB management has been successful in eradicating the
pest, New England continues to be vulnerable to future ALB invasions (Lovett et al.,
2006, Liebhold et al., 2019).
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The goal of this model is to aid in the understanding of how forests evolve posteradication in areas susceptible to ALB. Simulations of future forest landscape conditions
can provide forest managers with decision support tools to anticipate future changes,
particularly the spread of pests, and develop appropriate adaptation strategies (Duveneck
et al., 2017; Duveneck et al., 2014; Gustafson et al., 2000; Millar et al., 2007; Scheller et
al, 2007; Thompson et al., 2017). In our study we used the LANDIS-II model to examine
the effects of ALB management and various climate change scenarios in Worcester
county, Massachusetts and Cheshire county, New Hampshire. We specifically sought to
address how tree species abundance and composition of these forests will change under
various ALB management regime and climate change over 100 years.
3.2 Methods
3.2.1 Study Area and Modeling design
The study site is a 561,256-hectare landscape, encompassing Worcester county,
Massachusetts and Cheshire county, New Hampshire. Worcester county is in the
northeastern highland ecoregion, typified by fine sandy loam soils over schist and
phyllite bedrock (Griffith et al, 2009; NRCS Soil Survey, 1985, Zen et al, 1983).
Cheshire county is in the Worcester-Monadnock plateau ecoregion with coarse, loamy
soils and transitional hardwood forests (Griffith et al., 2009). Currently, 284.9 square
kilometers are regulated in Worcester County for ALB, including Worcester, West
Boylston, Boylston, Shrewsbury, and parts of Holden and Auburn (APHIS, 2018).
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Figure 9: Study area for the area modeled with LANDIS, colorized by parcel ownership.
Inset map indicates where the study area is located within New England.

Ownership in the two counties is mostly private lands at over 451,000 hectares or
approximately 75.2% of the land area (Table. 1). Local or state municipality is the next
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most common landowner representing 17.9% of the land area. Smaller portions are
owned by non-governmental organizations (6.1%) and federal organizations (0.9%).
Table 5: Ownership of land in Worcester county, MA and Cheshire county, NH. Parcel
ownership data is taken from the Protected Areas Database of the U.S. from the USGS
service.
Ownership
Private Land

Area (ha)
422,155.1

Percent of Forest Land (%)
75.2

Non-Governmental
Organization
Federal

34,301.5

6.1

4,902.2

0.9

Local Municipality, State,
or Regional
Total Forest Area

100,255.3

17.9

561,614.10

100

Asian longhorned beetle management and the impacts on forests were modeled in
Worcester County, Massachusetts, and Cheshire county, New Hampshire. To model the
impacts of ALB management activities on forests, we modeled the forests after
eradication, not the physical spread of the invasive species over the landscape. ALB is
slow to spread and has been successfully eradicated in several cities. The harvest
extension was used to simulate a full host removal, defined as the removal of host species
(Acer or Acer and Betula). This approach is consistent with other studies that have
examined management in response to disturbances and the effects of a pest on a
landscape (Gustafson et al., 2017; Sturtevant et al., 2004). While it is difficult to predict
where ALB will be introduced next, we chose Cheshire county, NH, as this area has
active ports and regional forest have abundant host species.
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Table 6: Tree species life history attributes for all ecoregions at year 0. Max annual net
primary production and max biomass are averaged across ecoregions. Shade tolerance
1=5; 1= intolerant.
Species

Acerrubr
Acersacc
Betualle
Betulent
Betupapy
Carycord
Fagugran
Fraxamer
Pinuresi
Pinustro
Popugran
Poputrem
Prunsero
Queralba
Quercocc
Querrubr
Tiliamer
Tsugcana

Longevity Sexual
Shade
Seed
Vegetative
Max
Maturity Tolerance Dispersal Reproduction ANPP
(effective) Probability
(g ∙
m−2 ∙
yr−1 )
150
4
3
100
0.5
677
400
22
5
50
0.3
889
300
40
3
100
0.1
817
275
40
2
100
0.1
817
200
15
2
60
0.8
868
200
30
1
30
0.9
991
350
40
5
30
0.9
742
300
20
4
70
0.3
775
350
15
2
12
0.0
228
450
20
3
60
0.0
640
100
10
1
500
0.9
966
150
10
1
500
0.9
791
200
10
3
5
0.5
952
300
20
3
3
0.5
907
300
30
2
30
0.6
573
250
25
2
3
0.5
739
300
10
4
20
0.7
1153
500
30
5
30
0.0
245

Max
Biomass
(g ∙ m−2)

20,314
26,671
24,518
24,518
26,041
29,748
22,259
23,241
6,831
19,209
28,977
23,731
28,554
27,191
17,199
22,163
34,602
7,350

When simulating a full host removal, we decided to run two different removals based on
manager input: i) full host species removal of Acer spp. over the age of 10 ii) full host
removal of Acer spp. and Betula spp over the age of 10. Birch species are considered a
secondary host of ALB and are not always removed.
3.2.2. Landscape simulations
The LANDIS-II landscape change model and associated extensions were used to simulate
future forest conditions in areas managed for ALB. LANDIS-II is a spatial forest
landscape model that simulates the interactions between disturbance, succession, and
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management (Scheller and Mladenhoff, 2004). The model is designed to exhibit longterm change over large landscapes and to capture normal ecosystem processes and the
input of disturbance (Gustafson et al, 2000). We used LANDIS-II to model future forest
conditions under various climate scenarios given present forest composition, structure,
and the impacts of ALB management.
The study area was broken into interacting cells sized 30 x 30 meters. Cells were
grouped by user-defined ecoregions and contained information regarding tree species,
forest type, and age (Gustafson et al, 2000). Aboveground vegetation data gathered from
field collections throughout the study region, including research sites documenting the
impacts of ALB (Chapter 2), as well as continuous forest inventory (CFI) and forest
inventory and analysis (FIA) points were used to build the current conditions. To build
cohorts of tree species-age we ran imputation calculations, a commonly used method in
similar studies (Duveneck et al. 2015). LANDSAT data from USGS earth explorer was
integrated with present conditions from field inventory to develop initial maps of forest
conditions. Additionally, NASA National Forest Cover LANDSAT data, National Land
Cover Dataset (NLCD), and Hansen Disturbance data were used to construct a full
picture of forest composition as well as disturbance history in the area of interest.
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We examined forest composition in Worcester County by 10-year timesteps over
100 years beginning in 2018. We modeled 18 tree species based on the most abundant
species according to the plot summaries from FIA, CFI, and our own data inventory plots
from both counties. We used the biomass succession extension (Version 5.0.1) which
models growth and mortality by cohort in aboveground forest dynamics (Thompson et
al., 2011). This extension tracks cohort reproduction, age, and mortality measured by
changes in biomass. Changes in biomass are modeled over time and are linked spatially
through modules such as harvesting, disturbance, and seed dispersal (Scheller and
Mladenoff, 2004; Gustafson et al, 2000). The biomass harvest extension v3.0 was used to
model various management scenarios. We used biomass reclassification and biomass
output extension to model the outputs of the model and to construct visual interpretations
of the landscape (Scheller and Mladenhoff, 2004).
Harvest prescriptions were created from reported rates of harvest from New
England, Massachusetts, and New Hampshire. Massachusetts harvests approximately 100
million board feet per year at rates ranging from 0.01 to 1.48% of the landscape harvested
annually (McDonald et al., 2006; Kittredge et al., 2017). Across New England, various
forms of single tree selection and shelterwoods are some of the most common
management tactics employed, with high grade harvests appearing more frequently in
Massachusetts (Belair and Ducey, 2018).
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Table 7: Simulated annual harvest intensity for simulated scenarios.

Business as Usual
(BAU)
Partial Host: ALB
management, just
Acer removed
Full Host: ALB
management Acer
and Betula
removed

Mean harvest
volume Mg-ha -1 +/SD)
74,305±9,305

Mean forest area
harvested

Percent Landscape
harvested

14,572 ± 1,340

2.59%

791,660 ±342,513

211,786 ± 785

38%

1,962,911±933,013

205,361±989

36%

The type, size, and frequency of harvests were adjusted to represent which
harvests would be the most common for various land ownership types, including federal,
municipal (state, regional, and local government), non-governmental organizations, and
private lands.
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Table 8: Harvest prescriptions with their associated codes in LANDIS-II.
Management
Single tree selection

LANDIS-II code
SingleTree1

Group Selection

GroupSelection1

Shelterwood

WPShelterwood

Shelterwood

OakShelterwood

High Grade

HighGrade

Single Tree SelectionAcer1
Acer harvest. Used in ALB
harvest.

Single Tree SelectionAcer and Betula harvest.
Used in ALB harvest.

AcerBet1

Description
Harvests 20% of the stand
with a cutting cycle of 10
years. Partial stand harvest,
patch sizes between 1-10
ha.
Harvests 20% of stand
overstory is removed in
groups on a 10-year
cutting cycle. Gap size is
.25-acre or .1-hectare.
Harvests 40% of the stand
where 30% of the stand is
the mature target species to
be harvested. 10-year
cycle.
Harvests 40% of the stand
where 30% of the stand is
the mature target species to
be harvested. 10-year
cycle.
High Grade selection
harvests 10% of stand with
a cutting cycle of 10 years.
Patchcutting 10% of the
stand, 0.02 ha
Harvest to mimic ALB
eradication treatment. Only
Acer species, minimum
age 10, are harvested.

Harvest to mimic ALB
eradication with the
inclusion of birch removals
(a secondary species).
Only Acer and Betula
species, minimum age 10,
are harvested.
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We used the Base Wind Extension v3.0 to model the frequency and severity of
wind events in the area based off on historical data (Boose, Chamberlin, and Foster,
2001). To simulate additional insect damage, we used the biological disturbance agent
(BDA) v 4.0.1. We chose to model gypsy moth (GM) because it is common defoliator
across New England (Lovett et al., 2016; Butler, 2018). We constructed this extension
based off historical GM studies from New England and our study area. While more
recent outbreaks have been very severe, early studies suggest that this could be climate
related (Kretchun et al., 2014). To parameterize this extension, we used papers
concerning outbreaks in the area (Foster, 2017; Campbell and Valentine, 1972) as well as
previous input files for similar species such as Siberian silk moth and spruce budworm
(Gustafson et al., 2010). The parameters of the BDA file were constructed to represent
low- to mid-severity outbreaks that primarily attack GM target species including Quercus
spp., Betula spp., aspen, and cottonwood. Ignored species included secondary or minor
hosts including conifers, Acer spp., hickory, beech, cherry, and ash (Foster, 2017;
Campbell and Valentine, 1972; Personal communication, Marco Mina; Kelty et al., 1996;
Wilson and McComb, 2005).
Variability in forest response over time were assessed for each location by using three
climate scenarios for 10-year time steps over 100 years. Climate data from NASA Earth
Exchange (NEX-DCP30) was constructed from the 5th assessment from the
Intergovernmental Panel on Climate Change (IPCC) projections (IPCC, 2014; Thrasher
et al., 2013). In addition, current climate data was created based off PRISM Historical
(PRISM, 2004). These projections were constructed from the General Circulation Model
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(GCM) and examine four greenhouse gas emission scenarios. Three GCM models were
used: CESM1-BGC, CCSM4, and MPI-ESM-LR. These scenarios are referred to as
Representative Concentration Pathways (RCP) and construct plausible climate futures
that will inform future forest conditions. Three scenarios detailing the potential extremes
of climate change were used: current climate, RCP 4.0, and RCP 8.5. These scenarios
were designed to mimic current, low, and high emissions. Daily average, minimum, and
maximum temperature, precipitation, and growing degree day projections from the GCM
models were used alongside soil properties to construct establishment and growth rate for
each tree species. We used PnET-II and LINKAGES to extrapolate this information, an
approach used in similar studies (Duveneck and Scheller, 2015).
3.2.3 Data analysis
Summaries of aboveground biomass and species compositional changes were
created to display changes over time. Aboveground biomass (AGB, Mg ha-1) was
summarized by scenario and by species. Relative biomass was calculated for each
species, and the change in biomass from year 0 to year 100 of the simulation was
calculated and expressed as a percentage.
Forest reclass maps were created using the biomass reclassification output (v3.0)
extension for year 0, year 30, and year 100 of the simulation for each management and
climate scenario. Forest types were user-designated and were classified by the typical
dominate species in each forest type (Table 9).
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Table 9: Forest classifications used for the biomass reclassification (v 3.0) extension.
Forest Type

Species

Red Maple Hardwood

Acer rubrum, Betula lenta, Fraxinus
americana, Prunus serotina
Pinus resinosa, Pinus strobus

Pine
Oak Hickory
Hemlock
Aspen Birch
Northern Hardwood

Quercus alba, Quercus rubrum, Quercus
coccinea, Carya cordiformus
Tsuga canadensis
Populus tremuloides, Betula papyrifera,
Tilia americana
Acer sacchrum, Fagus grandifolia, Betula
lenta, Acer rubrum, Fraxinus americana,
Tsuga canadensis

To examine differences between species abundances, we used nonmetric
multidimensional scaling (NMS) ordinations which contrast relative biomass changes
over time between climate and harvest scenarios (PC-ORD Version 7.0; McCune and
Mefford, 2011). A general relativization was used and the ordination that depicted the
greatest amount of variation was graphed.
Unique scenarios of climate and management were compared using a mixed
model analysis of variance (ANOVA) (p=0.05) to describe the differences in total
aboveground biomass, as well as biomass of species of interest including: ACRU, ACSA,
BELE, BEAL, QURU, QUAL, and CACO (R-Team, 2015).
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3.3 Results
3.3.1 Forest composition
The most abundant species in the initial communities (2015) based on aboveground
biomass (AGB) was white oak, followed by red oak, black cherry, and white pine (Figure
1). At the final year of the simulation (2115), the most abundant species was white pine
across all management and climate scenarios. Other species in high abundance were
white oak, red oak, and American beech. Sugar maple was also abundant at the final year
of the simulation for the BAU forest management scenarios.
Northern hardwood forests, classified as mixtures of sugar maple, yellow birch,
beech, ash, red maple, and hemlock were primarily found in the northeast portion of the
landscape across all climate and management scenarios, although the abundance and
range of this forest type varied between management regimes. Oak-hickory forests,
composed of white oak, red oak, scarlet oak, and bitternut hickory, were present
throughout the landscape, with the highest abundance occurring in the eastern and
southern portions. The remaining forest types of aspen-birch, pine, and hemlock were
found in small portions, with aspen-birch and pine forests most common in the southern
portion of the landscape, as well as small portions of New Hampshire. Hemlock forests
were found sporadically in small quantities in the northernmost portions of the landscape.
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Figure 10: Initial forest communities at year 0 (2015) across all management and climate
scenarios. Forest types are categorized according to common forest types in the region.
Cells are classified using the biomass reclassification extension according to the highest
total biomass.
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Figure 11: Forest composition based on AGB at year 30 (2045), when ALB management
ends, across all climate and management scenarios.
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Figure 12: Forest composition of the study area at year 100 (2115) across all climate and
management scenarios.
Under current climate conditions and BAU management, white pine, yellow
birch, and sugar maple are projected to increase in relative abundance over time. Under
the RCP 4.5 and 8.5 climate scenarios, these species also increased in biomass, but less
so than the current climate scenario. Red maple, black birch, paper birch, black cherry,
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and red oak all decreased under BAU management across all climate scenarios. At the
end of BAU management scenarios, the most abundant species were white pine and red
and white oak, yellow and black birch, and sugar maple were also in high abundance
across climate scenarios.

Figure 13: Absolute AGB by community type from year 0 through year 100 (2115) of
the simulation by scenario.
Under the partial host removal scenario used during ALB eradication efforts,
relative species abundances of red and sugar maple decreased sharply from year 10 to
year 30 (2045) across all climate scenarios. Red maple relative abundance continued to
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decline across all management scenarios, whereas sugar maple increased slightly. In year
100 (2115), red maple had the greatest relative abundance under RCP 4.5, and the lowest
under RCP 8.5 conditions. Sugar maple had the highest final year relative abundance
under current conditions, and lowest under RCP 4.5. At the end of Partial Host removal
scenarios, white pine, red and white oak, and yellow and black birch were the most
abundant species.
As with partial host removal, host species abundance (red and sugar maple, and
yellow birch and black birch) decreased sharply over the first thirty years of the full host
management scenario. Sugar maple and red maple followed similar trends in relative
abundance as the partial host scenario, with sugar maple recovering more over time than
red maple and reaching its highest final relative abundance under current climate
conditions (red maple had highest relative abundance under RCP 8.5). Yellow and black
birch both decreased over the entire simulation period, with yellow birch displaying
greater relative abundance than black birch in 2115. Final year abundance was greatest
for yellow birch under current conditions, and highest for black birch under RCP 4.5. At
the end of the scenario and similar to partial host removals, white pine, red oak, and
white oak were the most abundant species.
The changes in species composition under different management and climate
scenarios were apparent in the NMS of relative biomass in 2015 and 2115, which was
best explained by a two-axis solution that accounted for 92.5% of the variation in the
original data with a final stress of 8.30334 and instability of 0.000. Axis 1 explained
61.9% of the variation and ranged from current forest conditions across management
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scenarios in the negative portions to future forest conditions in 2115 in the positive
portions (Figure 14). Axis 1 was positively correlated with American beech (=0.362,
p<0.001, white pine (= 0.405, p<0.000), trembling aspen (= 0.743, p<0.001), and white
oak (=0.274, p<0.005) abundance and negatively correlated with red maple (= -7.30,
p<0.001), black birch (=-0.346, p<0.001), paper birch (= -0.575, p<0.001), bitternut
hickory (- 0.573 , p<0.001), black cherry (= -0.009, p<0.001), red oak (=-0.488,
p<0.001), scarlet oak (=-0.559, p<0.001), and eastern hemlock (=-0.502, p<0.001)
abundance. Axis 2 explained 30.6 % of the variation and ranged from management
scenarios run under current climate conditions in the negative portions to scenarios run
under RCP 4.5 and RCP 8.5 scenarios in the positive portions. Axis 2 was positively
correlated with sugar maple (= 0.366, p<0.001), yellow birch (=0.402, p<0.001), black
birch (=0.398, p<0.001), American beech (=0.672, p<0.001), white ash (=0.702,
p<0.001), red pine (=0.826, p<0.001), white pine (=0.643, p<0.001), bigtooth aspen
(=0.754, p<0.001), white oak (=0.446, p<0.001), trembling aspen (=0.619 p<0.001),
scarlet oak (=0.185, p<0.05), American basswood (=0.780, p<0.001), and eastern
hemlock (=0.535, p<0.001) and negatively correlated with paper birch (=-0.264 ,
p<0.05) abundance.
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Figure 14: NMS output showing the difference between year 30 (2045) and year 100
(2115) AGB totals. The arrows move from year 30 totals towards year 100 totals. Species
that are significantly correlated to an axis are denoted on the axis in their respective
negative or positive position. Species are denoted by their four-letter codes: ACSA= Acer
saccharum, BEAL=betula alleghaniensis, BEPA=Betula papyrifera, CACO= Carya
Cordiformus, FAGR=Fagus grandifolia, FRAM=Fraxinus americana, PIRE= Pinus
resinosa, PIST=Pinus strobus, POTR=Populus tremuloides, PRSE= Prunus serotina,
QUAL=Quercus alba, QUCO= Quercus coccinea, QURU= Quercus rubrum,
TIAM=Tilia americana, TSCA=Tsuga canadesis.
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Figure 15: Average AGB (Mg Ha -1) by climate scenario. The letters denote significant
differences based on Tukey’s HSD (p < 0.05).
3.3.2 Above ground biomass
Final year AGB varied across climate and management scenarios. Final year biomass
was significantly influenced by climate regime, but not by management type, or their
interaction (Figure 15). The highest final-year AGB was in the BAU management
scenario (289.18±22.9 Mg ha-1), followed by Full host (273.94±22.29 Mg ha-1), and then
Partial host (229.65±411 Mg ha-1). At year 30, which is when Partial host and Full host
management ended, AGB was significantly different by climate but not by management
type (Figure 17). At year 30, AGB was highest in the BAU management scenarios
(302.35±19.22 Mg ha-1), regardless of climate conditions. At years 10-30 under current
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conditions, there were declines in biomass for Partial host (292.94±20.1 Mg ha-1) and
Full host management (271.81±18.02 Mg ha-1; Figure 16). There were not pronounced
declines in biomass from years 10-30 for Partial and Full Host management under RCP
4.5 and RCP 8.5.

Figure 16: Aboveground biomass trajectories for each management-climate scenario in
Mg/Ha.
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Figure 17: Average AGB and associated standard errors in year 30 (2045) and the final
year of simulations (2115) by management scenario. There was not a significant
difference between AGB by management scenario for either timestep.
Initial forest compositional diversity, as measured by Shannon’s Index at year 0
was 2.48, with this value declining over time across all scenarios. Under BAU
management with all climate scenarios, Shannon’s diversity decreased to 2.38-2.39 from
2.47-2.48 by year 2115. Partial Host and Full Host management saw greater declines in
Shannon’s diversity over time compared to initial values. At year 2115, Shannon’s
diversity had dropped to 2.35-2.36 across all climate scenarios under Partial host
management. Diversity under the Full host management was the lowest across all
management scenarios. At year 2115, it was 2.26-2.29 (Table 10).
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Table 10: Shannon’s diversity by scenario at year 30 and year 100 of average species
AGB.
Scenario

2045 AGB

2115 AGB

BAU-current

2.48

2.39

BAU-RCP4.5

2.48

2.39

BAU-RCP8.5

2.47

2.38

Partial Host-current

2.42

2.36

Partial Host -RCP4.5

2.43

2.36

Partial Host -RCP8.5

2.42

2.35

Full Host-current

2.37

2.29

Full Host-RCP4.5

2.36

2.27

Full Host-RCP8.5

2.36

2.26
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Figure 18: Aboveground biomass for years 2115 of the simulation for sugar maple, red
maple, black birch, and yellow birch. Significant differences between management
scenarios are denoted by letters.
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Figure 19: Differences in AGB by management and climate scenarios or year 2115 for
black birch and yellow birch. Significant differences are denoted by letters.
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The abundance of several individual tree species was influenced by management,
climate, and their interaction. Aboveground biomass at year 2115 for red maple, sugar
maple, black birch, and yellow birch were significantly influenced by climate and the
interaction between management and climate. Sugar maple biomass was significantly
greater in the BAU treatment at year 100 relative to the Partial Host and Full Host
treatments, which were not different from each other. Similarly, red maple biomass was
significantly greater in the BAU treatment at year 100, but there was no difference
between biomass under Partial Host or Full Host treatments. Black birch biomass under
current climate conditions was significantly greater in BAU conditions than Full host
treatments, and there was no difference between biomass under BAU and Partial Host or
between Partial Host and Full Host. Under RCP 4.5 and RCP 8.5 climate conditions,
biomass was significantly greater in Partial Host conditions than in Full host management
and biomass in BAU management was significantly greater than Full Host. There was no
difference in biomass between BAU and Partial host under these climate conditions.
Under current climate conditions, the biomass of yellow birch in BAU was greater than
Full Host. Under RCP 4.5, biomass was significantly different between each management
scenario, with biomass being greatest in Partial Host treatments, followed by BAU and
lastly Full Host. In RCP 8.5, biomass in Partial Host was significantly greater than Full
host, and biomass was significantly greater between BAU and Full Host.

The final biomass of several other species on the landscape, including hickory, white
oak, red oak, and white pine, was significantly affected by climate scenario, but not
management or the interaction between climate and management. Final year biomass of
hickory was significantly less under current conditions than RCP 4.5 and 8.5, which were
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not significantly different from one another. White oak final year biomass was
significantly greater in the RCP 4.5 and RCP 8.5 scenarios relative to current climate
conditions. There was no difference between biomass totals in RCP 4.5 and RCP 8.5. Red
oak biomass at year 100 was significantly less under current climate conditions than RCP
4.5 and RCP 8.5, which were not different from each other. Final year biomass of white
pine was significantly less under current conditions than under RCP 4.5 and RCP 8.5,
which were not significantly different from each other.
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Figure 20: Aboveground biomass at year 100 (2115) for all climate scenarios for
bitternut hickory, white oak, and red oak. Significant differences are indicated on the
figures with letters.

76

Table 11: Average AGBat year 100 ANOVA results for species. P-values indicated for
climate, management, and the interactions between climate and management.
Aboveground

Climate

Management

Biomass (Mg Ha -1)

Climate +
Management

Acer rubrum

<0.001

0.008

<0.001

Acer sacchrum

0.169

<0.001

<0.001

Betula

0.014

<0.001

<0.005

Betula lenta

<0.005

<0.001

<0.005

Carya cordiformis

<0.001

0.893

0.856

Quercus alba

<0.001

0.995

0.678

Quercus rubrum

<0.001

0.500

0.317

Pinus strobus

<0.001

0.142

0.644

alleghaniensis

3.4 Discussion
Invasive forest pests and pathogens singularly and in combination with changing
climate conditions have the potential to significantly alter the composition and structure
of forests both the short- and long-term (Millar et al., 2007; Kosiba et al., 2018; Dukes et
al., 2009). While the short-term effects of management for Asian longhorned beetle on
forests have recently been documented in invaded portions of North America (Dodds and
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Orwig, 2011; Chapter 2), there is great uncertainty as to how this management will affect
forests in the future, particularly under various climate scenarios. Furthermore, as pests
and pathogens increase in abundance and prevalence in invasion hotspots, such as the
northeastern United States (Lovett et al. 2016; Krist et al. 2014), there is an urgent need
to understand how forests will be impacted by pest management and climate change, and
this work contributes key insights on this topic (Aukema et al. 2011, Gustafson et al.,
2017, Seidl et al., 2016).
In this study, we modeled nine unique climate and management scenarios across
Worcester County, MA and Cheshire County, NH to examine the coupled effect of
climate and ALB management in this region. The results of these simulations
demonstrate that management for Asian longhorned beetle, while intensive, does not
have a significant effect on the compositional trajectories of forest composition or final
levels of aboveground biomass in this region. Instead, climate was the most significant
factor influencing forest composition over the 100 years simulated with individual
species impacted by climate, management, and their interactive effects. Expectedly, host
species targeted as part of ALB management efforts declined during periods when
suppression efforts were applied; however, compensatory infilling by other species and
recovery of host species over time dampened the impact of these sanitation harvests.
Overall, the mixed species forests examined were resilient to the invasion by ALB and
associated management with most profound changes occurring due to the impacts of
climate change.
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3.4.1. Management impacts on forest composition
Our results suggest that even with aggressive ALB management, forest composition
is not drastically impacted. Host species recovery, including red and sugar maple and
black and yellow birch, appears to be more dictated by climate than by management.
While biomass for these species is lower under Partial Host and Full Host management,
all species showed minor increases in biomass by the end of the simulation, although all
species experienced declines overall due to management. Sugar maple biomass after year
20, when ALB management ends, remained stable or increased slightly while red maple
increased throughout the simulation, which is consistent with predictions for increases in
the abundance of this species under climate change (Iverson et al., 2014; Matthews et al.,
2018). Yellow birch increased slightly after year 20 under Full host management across
all climate scenarios while black birch decreased slightly under current climate
conditions and otherwise increased. While management did influence species
composition and AGB totals, it was not as strong of a driver as climate, which has also
been documented in other studies examining the coupled effects of pest management and
climate over time (Olson et al., 2021).

Overall, the pre-salvage harvests of host species had little impact on overall
ecosystem biomass by the end of the simulation period examined. This likely reflects the
compensatory growth and infilling of canopy space created during host removals by nonhost species that were both already dominant on the landscape and projected to do well
under climate change. Species in high abundance at the end of the scenario were white
pine, and red and white oak, which are expected to be favored under climate change in
this region (Iverson et al., 2014). Similarly, predictions for post-eradication forests during
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the early stages of ALB infestation in Worcester county suggested a shift to oak-pine and
oak-hickory forests, as those species are common to the area and often occur in high
abundance with ALB host species (Dodds and Orwig, 2011). Other work simulation
long-term outcomes of presalvage harvests of ash in response to the introduced emerald
ash borer had similar findings with the greatest driver of biodiversity shifts being climate
change with future-climate adapted species infilling following host tree removals (Olson
et al., 2021). Likewise, field studies examining forest dynamics after post-salvage or
eradication harvests have indicated these treatments tend to favor species that are already
in the ecosystem (Engleken et al., 2017, Plotkin et al., 2013). In sum, ALB harvests had a
minimal impact on forest composition and species abundance, and the trajectory of forest
recovery is more influenced by climate and initial forest conditions.

3.4.2. Climate effects on composition and species abundance
Climate also had a marked effect on species composition and abundance, and our
results were consistent with many of the projections for hardwood and softwood species
in southern New England (Duveneck and Thompson, 2019; Iverson et al., 2008;
Duveneck et al., 2017). While large amounts of biomass were removed across the
landscape for ALB management efforts, species showed signs of recovery, particularly
under RCP 4.5 conditions which favored the growth of these species. All host species
saw the highest final year biomass under RCP 4.5 conditions, followed by RCP 8.5 and
lastly by current climate conditions. Other work examining the long-term effect of pests
in conjunction with harvesting on temperate forests found species composition was more
dependent on the species abundance at the beginning of the simulation (Gustafson et al.,
2017). In our study, maple and birch were dominant or co-dominant species in the initial
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forest community and after the host removals, gradually increased in abundance
consistent with climate change predictions for these species over time (Iverson et. al
2008Janowiak et al, 2018, Duveneck et al., 2017; Iverson and Mackenzie, 2013). In other
studies that examined the interactions between harvest and climate, growing space was a
driver of tree colonization and later abundance, especially in shorter simulations (Wang
et al., 2019). Furthermore, population dynamics drove species regeneration postdisturbance, suggesting that species abundance at the end of the simulation was more
related to initial forest dynamics than harvest regimes (Wang et al., 2018).
The lack of change in forest composition under climate change we documented
reflected an increasingly favorable climate for ALB host species and other species found
in these landscapes over the coming decades, which enhanced host tree recovery and
maintained dominance of non-host species. In particular, the forests of southern New
England are composed of stands of mixed species and higher species diversity in relation
to other areas. This in turn contributes to the resiliency of these systems over time,
particularly under various management and climate scenarios (Sebald et al., 2021).
Collectively, many of the hardwood species found in the landscapes we examined are
projected to continue to do well under climate change with management of ALB doing
little to disrupt this pattern (Duveneck et al., 2017).
While the results of the management and climate simulations indicate there will
be some species shift, the legacy of land-use change and agricultural abandonment in
southern New England is likely having a greater influence over species recovery and
abundance than ALB management. Recent modeling studies have indicated that
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regardless of management or the effects of climate change, forests in this region will
continue to accrue biomass, particularly in the next 50-years as they continue to recover
from a legacy of land-use conversion during the 19th and early 20th century (Thompson et
al., 2019). This appears to be consistent with our findings, as while ALB eradication
efforts removed substantial biomass, forests continued to recover and accrue biomass
throughout the 100-year simulation. Species in high abundance in our landscape, such as
oaks and white pine, are commonly associated with abandoned agricultural areas in this
region (Thompson et al., 2019). Nevertheless, climate change also influenced species
abundance over time (Iverson et al., 2014; Janowiak et al., 2014). In southern New
England, oak species were already dominant at the beginning of the simulation, and
climate change is also predicted to continue to favor these long-lived species (Duveneck
et al., 2017; Iverson et al. 2017, Janowiak et al., 2018). White pine was dominant
throughout our simulation, regardless of climate change, despite other work suggestion
this species will stay static or decline over time under climate change (Duveneck and
Thompson, 2019). The different trends documented in the present study are likely due to
the large biomass removed in our ALB simulations as well as the history of agricultural
abandonment in our study region, which has favored the dominance of this species
(Foster 1992). While current and future management has the potential to shift species
composition, the history of agricultural abandonment and land use change is likely to
determine forest composition and species abundance in the near future.
3.4.3. Climate impacts on forest productivity
Overall, final year biomass totals were not significantly different between
management scenarios, indicating that ALB management did not considerably affect total
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biomass at the end of our simulations. While there were not significant differences in
aboveground biomass (AGB) at year 100 (2115) by management type, biomass was
greatest in BAU scenarios, followed by Partial Host and lastly Full Host management.
Simulations generally showed an increase in biomass from years 10-80 before starting to
level out or decline, an effect seen in other simulation studies (Nevins et. al, 2021;
Thompson et al., 2011). Climate was the strongest predictor of species AGB as well as
total AGB in the final year of the simulation, 2115. Aboveground biomass increased most
under RCP 4.5 regardless of management, given it likely provided climate conditions that
favored many species in these systems. Regardless of climate scenario, biomass accrued
across most scenarios which is consistent with other studies (Duveneck et al., 2017;
Thompson et al., 2011). Biomass predictions suggest Massachusetts will continue to
accrue AGB until 2060 and likely until 2100, regardless of climate scenario, which was
consistent with the trends in our scenarios (Thompson et al., 2011; Wang et al., 2017).
Other studies saw the greatest AGB accrual under RCP 8.5, which was not seen in our
simulations (Wang et al., 2017). The lower biomass under RCP 8.5 in our work could
reflect the impacts of excessive warming and associated moisture stress, which has been
shown to cause growth declines in other studies of northeastern forests; a trend reflected
in the species-specific biomass and total biomass trajectories for our simulations
(Janowiak et al., 2014; Iverson et al., 2014; Andregg et al., 2015). Furthermore, as
biomass accrued across all simulations over time to final year totals from 150-250+
Mg/Ha, this is likely a signal that these forests are in the advanced recovery stage postland use conversion (Brown and Shroeder, 1997). Biomass accrued more rapidly and
more greatly under RCP 4.5 and RCP 8.5, likely due to favorable temperature and
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precipitation conditions, when compared to current climate conditions, which is
consistent with other studies from our area of interest (Campbell et al., 2009, Thompson
et al., 2011). Climate, more so than management for ALB, will be essential for managers
to consider when implementing eradication measures in the future.

3.4.4. Limitations
LANDIS-II is a spatially explicit model that allows the user to incorporate field data
alongside climate data and disturbance extensions. While the results of the simulations
allow us to confidently examine the effects of ALB management on the specific forests in
Worcester county, MA and Cheshire county, NH, there are some important model
limitations to consider. First, we modeled Lymantria dispar dispar moth as a biological
disturbance agent to the region of study. While LDD moth is a pest of consideration in
these areas, there are also other insects of concern that are projected to have large impacts
on the composition and structure of forests in New England, such as hemlock woolly
adelgid and emerald ash borer. Furthermore, there is the expectations for additional pest
introductions in this region over the next century, which we could not account for. While
our goal was to study the effects across a region and particularly in natural forests,
LANDIS does not effectively simulate urban forests, and the urban portions of our study
landscape, namely the city of Worcester, was considered impervious non-forest area. In
the future, creating an urban specific model of ALB management would be an effective
contribution to determining the long-term effects of management for this pest. Even
though our climate data is the most current at this time, climate projections could
continue to change depending on emissions total as well as climate regulations. There is
the possibility for more variation in the scenarios that we presented. Similarly, our
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harvest scenarios were based on historical and current rates of harvests and harvest type
in Massachusetts and New Hampshire (Kittredge et al., 2017, Mcdonald et al., 2006).
Both rates and preferred harvest types are subject to change, which could affect biomass
harvested. While our model results contribute to the understanding of how ALB
management impacts a landscape over time, it is important to consider the suite of factors
that could affect these simulation results over time.
3.4.5. Future management implications directions for ALB
These model simulations provide a strong case for the continuation of full and
partial host removals when eradicating ALB. The results of this study suggest that forest
recovery and species composition is dictated by climate change rather than by
management. Major and secondary host species showed signs of recovery across all nine
scenarios, and the most abundant species at the end of the simulation were ones that are
projected to respond favorably to climate change conditions. As climate was consistently
the strongest predictor of both species AGB and total AGB by scenario, managers will
want to consider the effects of climate change when managing for ALB. While host
biomass decreases under Partial and Full host management scenarios, it is not a reason
for concern as all species showed signs of recovery by the end of the simulation,
regardless of climate scenario. As host species return, managers will want to consider the
value of retaining these species on the landscape depending on forest health, harvesting,
and compositional goals. Asian longhorned beetle is slow to spread in a forest and
regionally, but it can arrive in new locations via ports and trading easily to ignite another
infestation, which managers will want to consider when designing long-term forest
management goals. However, ALB host species containing many cultural, aesthetic, and
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habitat values and managers may want to aid their reestablishment on the landscape.
Furthermore, land use has long been determining the composition, structure, and recovery
of New England forests, and that pattern continues to override climate and management
impacts, as demonstrated in this simulation. Forest composition is favoring southern
hardwood species such as oaks and early invaders, such as white pine. These species
already represent a large portion of biomass on the landscape, and under host removals
all increased in biomass. The legacy of agricultural conversion and land use changes in
New England should be a leading consideration throughout the course of ALB
management, especially when determining desired forest composition. Overall,
management for ALB can and should be employed with confidence, as forest recovery is
more determined by the effects of climate change and land use than eradication efforts.
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CHAPTER 4: A RECENT ALB INVASION: FIELD STUDY IN CLERMONT
COUNTY, OHIO
4.1.1 Introduction
In addition to our field sampling in Worcester county, Massachusetts, we also
conducted an observational study in Clermont county, Ohio, an area first infested with
ALB in 2011 to gain further insights into the impacts of ALB suppression activities on
mixed hardwood forests in the eastern United States (APHIS, 2018). The quarantine is
currently set at 147.6 square kilometers, including East Fork State Park, which was our
sample area, Tate Township, and part of Monroe township. Treatments in Ohio began in
2013 and reflected those employed in Worcester county and other areas previously
infested with ALB. The purpose of this study was to compare the infested areas to
observe if there were differences in the successional pathways. This portion of the study,
while not replicated across multiple sites, is useful for informing a broader understanding
of the outcomes of treatments for suppressing spread of invasive forest pests.
4.1.2. Site description: Clermont County, Ohio
Field sites are in East Fork State Park in Clermont County, Ohio. Clermont
County is in the southwest corner of Ohio, 45 kilometers outside of Cincinnati. Soils in
this region are silt loams over limestone and shale bedrock (Slucher et al, 2006).
Precipitation averaged 106.73 centimeters per year, and average minimum and maximum
temperatures ranged from -4.89- 30.44 degrees Celsius from 1987-2017 (PRISM Climate
Group, 2004). East Fork State Park is a 1970.6-hectare public park that is characterized
by hardwood woodlands, meadows, and remnant prairie ecosystems (Ohio DNR, 2020).
Sites sampled were cut in 2013-2016. The dominant forest types include red maple
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floodplain and oak/hickory forests and treatments within the county are comparable to
those applied in Massachusetts, with both sites sampled in Ohio experiencing host trees
removal, herbicide application, and stump grinding (Table 7). Field sampling procedures
followed the same protocols that were employed in Worcester County, MA (see Chapter
1).

Table 12: Sites in Clermont County, OH by forest type and treatment. Treatments
include full host removal for each site; additional treatments are listed.
Site

Town

Latitude

Longitude

Forest Type

East Fork
Wildlife
Area

Bethel

38.982263

-84.104448

Red Maple

East Fork
Wildlife
Area

Williamsburg 38.996408

-84.072359

Red Maple;
floodplain

Treatment
Chips left
on site,
stumps
treated with
herbicide
Chips left
on site,
stumps
treated with
herbicide

4.1.3. Results and discussion
Host species in Ohio included Acer spp. such as red maple, sugar maple, and
boxelder, as well as Ulmus, Salix, and several Aesculus spp., including horse chestnut,
and Ohio and yellow buckeye. Host species accounted for 16.7% of the total sapling
growth, which was greater than the percentage found in Worcester, but a far smaller
sample size (Figure 10). Notably, In Ohio, stump sprouts were not found.
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2014

2017

Figure 21: The proportion of host and nonhost tree species sapling counts for sites
treated in 2014 and 2017.
The most notable difference between the work in Ohio and previous sampling in
Massachusetts was the difference invasive plants in the herbaceous understory. The
proportion of invasive plants in Ohio was much greater than the proportion in
Massachusetts, indicating differences in site conditions and potential differences in
successional pathways. Invasive species were 91% higher in Ohio than in Worcester. .
We found more invasive plants in plots treated in 2014 as opposed to 2017. The plots
treated in 2014 were 53.8% invasive, and the 2017 plots included 35.3% invasive plants
(Figure 11). Commonly seen invasive plant species included multiflora rose, garlic
mustard, Japanese stilt grass, and trumpet and amur honeysuckle.
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2017

Figure 22: The proportion of native and invasive plants in sites treated in 2014 and 2017.

The greater abundance of invasive species in the Ohio sites could be attributed to
several site factors including seedbed conditions, forest type, park visitation, and
landscape context. All the invasive plant species that we found are included on Ohio
Department of Natural Resources commonly seen list and Ohio Invasive Plant Council
(Ohio DNR, 2020; OIPC, 2018). The park also had been experiencing issues with
invasive species before ALB treatments (Personal communication, Philip Baldauf and
Emily Franzen). East Fork State Park is a public area including trail systems and public
boating, fishing, and hunting access (Ohio DNR, 2020). The park is open to visitors yearround, and the possibility of transporting invasive species is highly possible (Miller et al.,
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2020). Furthermore, these forests exist in a highly fragmented landscape and are largely
open and bordering grassy areas, including meadows and remnant prairie. It is highly
possible that upon the removal of host trees, more sunlight was able to reach lower
layers, creating favorable growing conditions for quick-growing species.
4.1.4. Conclusions and management implications
While not statistically robust, this portion of the study illuminates the differences
between the effects of treatment for ALB in Ohio and Massachusetts. These early results
indicate the differences are likely due to preexisting site conditions. Based on these
preliminary results, sites in Ohio and Massachusetts are moving on different successional
pathways. It will be essential to monitor and compare the treatment results of both Ohio
and Worcester over time. Like our results in Worcester, these early observational results
suggest that managers should consider the desired future forest conditions in management
plans, including treating invasive plant species in areas where ALB suppression activities
are occurring. Recent studies suggest that if invasive plants reach a high enough biomass,
the invasive species have the potential to shift ecosystem dynamics significantly,
including effecting forest dynamics, type, and function (Wardle and Peltzer, 2017;
Wardle et al., 2011). This effect is particularly heightened if the introduced species have
different functional traits than those that they replaced. Furthermore, several of the
invasive plants and shrubs seen in these plots, such as stilt grass and multiflora rose,
commonly threaten understory diversity, and suppress sapling regeneration (Miller et al.,
2020). Further research can better quantify these differences with the intention to inform
managers of best initial treatment and follow-up treatment practices.
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5. Study Conclusions and Implications
5.1. Management Implications
Invasive pests and pathogens are shaping the forests of New England, and it is
important to continuously study and assess how pests will impact these forests. Our study
was the first follow-up to the treatments employed in Worcester county, MA for Asian
longhorned beetle. Our field study indicates that these forests are recovering as expected
for mixed oak-pine-hemlock forests in New England. Recovery is driven by a history of
land-use change as well as the current species present, more so than the treatments
applied for ALB. While this field study provides a foundation of data and a strong
benchmark for the status of these forests, these forests should be monitored over time to
fully examine how they will continue to recover. Of particular interest over the next few
years would be the presence of red maple stump sprouts. Management was designed to
limit host species growth; however, the abundance of red maple sprouts could create a
future vulnerable state for ALB infestation. Currently, invasive plant species do not make
up a large portion of the understory. However, if further disturbances occur in the area
and open more of the canopy, this could become an issue. Our case study in Ohio is a
strong example as to how forest recovery can differ by location. The forests in Ohio had
open canopies and a strong invasive plant species presence even before the ALB full host
removals (personal communication, Philip Baldauf). Management only exacerbated this
situation, leading to many more invasive species in the understory which may require
further management. Periodic surveys should be conducted in areas where ALB is a
threat to continue to determine how different forest ecosystems respond to ALB
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management. Overall, ALB management did not have a significant effect on forest
recovery or composition, and managers can continue to apply it with confidence.
Process-based landscape simulation models, like LANDIS, are a strong way to
incorporate forest growth alongside various disturbance regimes into an understanding of
future forest conditions. We incorporated our field results from Worcester county as well
as FIA and CFI data to create an accurate landscape to study how further ALB
management could impact these forests under a changing climate. Ultimately, similar to
our field results, management did not strongly determine the composition or abundance
of these forests. Composition and abundance were instead driven by climate and land use
history. Land use history in particular appears to be driving both biomass accrual and
species composition in our model. Oaks and white pine species dominated the landscape
throughout the simulation, and host species showed signs of recovery despite intensive
management. Managers will want to consider the continued effects of land use in
southern New England, as oaks and white pine continue to take hold on the landscape.
These forests are currently in the mid- to late-stage recovery from agricultural conversion
and abandonment and will likely continue on this path depending on future disturbances.
The results of our study indicate that ALB management can continue to be applied with
confidence, and managers can expect forests in southern New England to recover both
compositionally and in terms of biomass stocks.
5.1.2. Study limitations and future directions
Our field study provides a strong picture of the current state of these forest, 10 years
post-eradication efforts. More field replicates, particularly more controls could have
perhaps built a more robust dataset. Furthermore, if we had had field data from the early
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2000s, before management had been applied, we could have made comparisons between
pre- and post- eradication forests. While this would have been an interesting assessment,
our field results are still helpful in determining the efficacy of ALB management and the
future of these forests. Lastly, our field experiment was opportunistically conducted in an
area where ALB suppression efforts had occurred, and our design was constrained by this
parameter.
While we feel confident that the model is a strong indicator of how forests could
progress post- ALB, much uncertainty remains. Models provide an estimate of future
conditions, but great uncertainty remains as to how the future dynamics will proceed. We
used the most up-to-date data concerning climate, wind, insects, and harvest regimes.
However, this data is subject to change and evolve, particularly as the effects of climate
change intensify. We also modeled only one ALB infestation, however, there is the
possibility of another ALB attack, as well as the likely possibility of more invasive pests
in New England. New England is accumulating pests and pathogens at a rate of 2.5 new
species per year. It is highly likely that HWA or EAB could severely impact these forests
in the next 20 years, as well as a new pest all together. Lastly, we used recent harvest
information, but did not account for the socioeconomic factors that effect harvesting
regimes. Future models may want to consider these factors when creating similar models
of pest management. This model contributes a strong base of knowledge surrounding the
effects of ALB management on southern New England.
There are still many directions that this work could take in order to continue to
learn about the effects of ALB management. Our study did not contain a social science
element, and this will be crucial to further understanding how management effects people
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and communities. Given that ALB often arrives via ports and trading, the epicenter of
many infestations begins in an urban environment. Residents did not have a choice as to
how and when the suppression efforts are implemented. Recent work has investigated the
equity of forest management and tree planting in urban environments, noting that
experiences with tree planting efforts vary greatly by neighborhood (Carmichael and
McDonough, 2018). Studying how Worcester residents felt and responded to the initial
suppression efforts as well as the level of engagement during the tree planting efforts
would be an important element to this story. Furthermore, the removal of 30,000 trees
within the quarantine bounds greatly effected green space in the city. Another important
direction for future work would be to map the loss of green space and how it was
distributed across the city in regard to race and income.
In conclusion, together this field study and model contribute to the greater
understanding of how ALB management impacts forests in southern New England. These
results provide a strong jumping off point for future research, and more studies can be
implemented to more fully depict the long-term effects of climate and management.
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